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Abstract

Both the economic and ecological values of Chesapeake Bay are threatened by
anthropogenic activities. Environmental resource managers need an integrated monitoring
system to assess the condition of Chesapeake Bay. However, due to the lack of relevant,
comprehensive biological monitoring of low salinity and tidal freshwater habitats in the
Chesapeake, it is difficult to ascertain the overall condition of Chesapeake Bay or to
determine and subsequently address high priority areas for preservation and restoration
attempts. Modeled after the Index of Biological Integrity developed by Karr et al. (1986)
and based on a framework of ecological attributes used to assess the biological integrity of
these low salinity regions, a monitoring tool was developed and evaluated. Hypotheses
about how benthic assemblages in tidal freshwater and oligohaline regions of Chesapeake
Bay were tested. This proposed Benthic Index of Biological Integrity was unable to
establish more than three metrics, the sum of the number of Crustacean and Molluscan
taxa, the percent abundance of those two taxa, and the number of taxa considered to be
“pollution indicative”, that detected the response of macrobenthic assemblages to
anthropogenic stress. The community structure and composition of the stations sampled
suggest that the principle factors controlling assemblages in the higher-salinity regions of
this and other estuaries (salinity, sediment type, depth) contribute in different, more subtle
ways to the regulation of macrobenthos in tidal freshwater and oligohaline regions. For
this reason it may not be feasible to develop a multi-metric index for assessing their
biological integrity. Further research into tidal freshwater and oligohaline regions is needed
before managers can be provided with science-based management options to guide the
maintenance and restoration of these regions of the Chesapeake Bay.

TIDAL FRESHWATER AND OLIGOHALINE BENTHOS:
EVALUATING THE DEVELOPMENT OF A BENTHIC INDEX OF BIOTIC
INTEGRITY FOR CHESAPEAKE BAY

INTRODUCTION

Chesapeake Bay, the largest estuary in the United States, drains a vast watershed
containing a wide variety of land use practices and many large urban areas. As a result,
the Chesapeake is subjected to many anthropogenic stresses from point and non-point
source pollution to physical disturbance. Although monitoring programs in Chesapeake
Bay are numerous and are conducted by a variety of agencies, environmental resource
managers are still striving to answer the oft asked question “What is the state of the
Bay?” (Ranasinghe etal. 1994). Environmental resource managers concerned about the
ecological condition of the region need an integrated monitoring system to assess the
condition of the entire Chesapeake Bay. Recently there has been a shift away from the
sole use of physico-chemical monitoring tools due to their limited ability to detect
stressed biota and their lack of meaningfulness in aquatic resource management. A need
for more information about the Chesapeake’s biological integrity and response to
anthropogenic activities has increased efforts to use new environmental monitoring tools
(Ranasinghe et al. 1994). As the population pressures in the surrounding watershed
continue to intensify, so will the need for such monitoring efforts.
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Objectives
The primary objective of this study was to address the need for and feasibility of a
long-term monitoring project developed for tidal freshwater and oligohaline regions of
Chesapeake Bay. A monitoring effort based on the development of a conceptually sound
framework of ecological attributes to assess regional biological integrity might eventually
be able to provide science-based management options for the maintenance and restoration
of tidal freshwater and oligohaline regions. The initial creation of a series of candidate
metrics for use in the assessment of benthic macroinvertebrate communities in both
degraded and relatively unimpacted sites was undertaken by Weisberg etal. (1997). A
multi-metric biological integrity index for use with all regions of Chesapeake Bay was
developed. Weisberg et al (1997) found that in the low-salinity regions of the
Chesapeake their index, a Benthic Index of Biotic Integrity (BIBI) based in part on Karr’s
(1986, 1994) multi-metric Index of Biotic Integrity, had a low validation efficiency and
that fewer individual metrics worked in these areas. This study is a continuation of the
index development begun by Weisberg et al. (1997) in an attempt to focus more closely
on the low-salinity regions that previously were less successful.
Additional analysis was conducted during this study to characterize the
macrobenthic community structure of tidal freshwater and oligohaline habitats in
Chesapeake Bay tributaries. Both tidal freshwater and oligohaline regions are poorly
studied regions of estuaries; additional information on the structure and function of their
macrobenthic communities aided in evaluating of the practicality and feasibility of the
BIBI developed.
3

Chapter 1:
WATER QUALITY AND BIOLOGICAL MONITORING

The Federal Government annually spends roughly $20 billion on water pollution
control (U.S. Congress 1991), yet serious pollution threats continue to challenge lakes,
rivers, estuaries and coastal zones. One reason for the ongoing jeopardy of aquatic
resources is that, of the money allocated to water pollution control, less than one percent
is spent on monitoring programs (U.S. Congress 1991). These monitoring efforts are not
comprehensive enough to assess adequately the condition of aquatic systems, recommend
management actions, prioritize sites for restoration efforts, or evaluate the success of
clean-up attempts.

History of Water Quality Monitoring
The foundation of modern water quality policy was laid by Congress in the 1972
amendments to the Federal Water Pollution Control Act of 1948; the amended act was
updated in 1977 and renamed the Clean Water Act. In 1971 the Senate Committee on
Public Works criticized the existing water law for failing to address the "inadequate and
incomplete information" available on existing water quality and admonished the
persistence of an "information gap" that allowed many pollutants to continue to be
discharged "in ignorance of their effect on the water environment" (Ward 1982). In
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response, the goal of the revised Clean Water Act was "to restore and maintain the
chemical, physical and biological integrity of the Nation's waterways" (PL-92-500).
In addition, the revised Act directed the U. S. Environmental Protection Agency
(Barbour et al. 1997) to develop a State Water Quality Inventory. This inventory was to
report on the status and progress of water pollution control efforts and insure that the
compound goal of physical, chemical and biological integrity was actively pursued (Ward
1982). Due to incomplete assessments (fewer than half of all navigable waterways are
surveyed) (Knopman and Smith 1993) and a lack of standardized monitoring methods,
this directive has failed to become the intended extensive, long-term water quality
database.
Prior to 1977, the conventional interpretation of “water quality” had been as a
measure of the chemical properties of water (Karr and Dudley 1981). This new mandate
could be perceived as expanding the legal framework for the protection and restoration of
aquatic ecosystems. As such, the incorporation of the concept of “biological integrity”
into the goals of the Clean Water Act should have marked a shift away from those
previously held assumptions that improved biological quality would naturally follow a
reduction in contaminant loads (Karr et al. 1986). However, biological monitoring
efforts continued to be neglected in favor of physical and chemical monitoring of water
quality (Miller et al 1988, Cairns and Pratt 1993, Karr 1997).
Failure of the Clean Water Act to shift the focus of aquatic monitoring away from
physico-chemical parameters is due in part to the Act itself. Unlike the original Federal
Water Pollution Control Act, the wording of the Clean Water Act de-emphasized reliance
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upon general water quality standards, criteria which encompassed the condition of
ecological assemblages as well as pollutant load. Instead, the Clean Water Act promoted
a strategy of point source effluent limitations (Ward 1982). Reliance upon non-biological
monitoring continues to be reinforced by these quantitative regulations governing point
source effluent quality and contaminant concentrations, although we are slowly seeing
changes in practice if not policy as resource managers observe the limitations of chemical
contaminant approaches (Karr et al 1986, Karr 1997). The Clean Water Act, essentially,
contradicts its far-reaching integrity goals by promoting chemical monitoring and by
focusing federal efforts and funding on such projects as enhancing wastewater treatment
effectiveness and avoiding human carcinogenic risks (Karr 1995). With legal recourse
limited primarily to discharge permit enforcement, the concept of biological integrity,
noticeably included in the goals of the Clean Water Act, is not reflected in the Act’s
manifestation (Karr 1997).
Continued focus of water quality controls on point source effluent quality and
discharge allowances is sustained for additional reasons. The protection of human health
remains a prominent motivation of water quality parameters (Cairns and Pratt 1993, Suter
1992). The relative ease of control and regulation continues to focus pollution concerns
on point source effluent quality and discharge allowances (Karr and Dudley 1981). In
addition to point source discharges, aquatic environments are subjected to non-point
source pollution, contaminated sediment inputs, habitat alteration and the combined
effects of multiple point sources (U.S. Congress 1991, Knopman and Smith 1993). This
narrow focus has in turn contributed to the emergence of non-point source pollutants and
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non-chemical agents of disturbance as the primary factors responsible for the continuing
decline of aquatic systems (U.S. Congress 1991, Knopman and Smith 1993). More
seriously, this inattention to other sources of disturbance and pollution has resulted in
both a paucity of information on and inadequate methods for dealing with these other
degradation mechanisms (Karr and Dudley 1981, Miller et al. 1988, U.S. Congress 1991,
Knopman and Smith 1993). Multiple stresses are now at the forefront of the problems
afflicting aquatic environments, and currently prescribed assessment techniques are
inadequate for dealing with them (Karr and Dudley 1981, Knopman and Smith 1993).
Further impediments to the attainment of biological integrity goals resulted from
the neglect by the authors of the Clean Water Act to define the concept of "integrity"
(Ward 1982, Karr and Dudley 1981). Despite the great lengths gone to illustrate such
terms as "waste treatment management" and "sludge", the term "integrity" was left sans
definition, further complicating the development of methods for achieving said endpoint.
The Office of Water and Hazardous Materials of USEPA attempted to generate an
explicit definition of integrity but formulated nothing more substantial than a
recommendation for a holistic, systems approach to the summation of chemical, physical
and biological integrity (Karr and Dudley 1981).
Integrity goals were hindered by this ambiguity until Karr and Dudley (1981)
presented their definition of biological integrity. Expanding upon a concept outlined by
Frey (1977), Karr and Dudley (1981) stated that an ecosystem possessing integrity was
one that had:
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“the capability of supporting and maintaining a balanced, integrated,
adaptive community of organisms having a species composition,
diversity and functional organization comparable to that of a natural
habitat of the region."
This terminology encompasses all of the influences potentially affecting an ecosystem. It
is a distinctive definition as it does not assume that a “natural” system will automatically
possess more integrity than a managed one (Covich et al. 1996). Thus any system with
“integrity” should be able to :
"withstand, and recover from, most perturbations imposed by natural
environmental processes, as well as many major disruptions induced
by man," (Karr and Dudley 1981).
The above interpretation of the biological integrity concept also provides a means of
informing the general public that the natural processes responsible for the maintenance of
healthy waterways are an integral part of maintaining the water quality goals (Covich et
a l 1996).
Although the Karr and Dudley (1981) definition of biological integrity is
generally accepted, the USEPA still retains its systems definition of integrity, describing
it as:
“the condition of the aquatic community inhabiting unimpaired water
bodies of a specified habitat as measured by community structure and
function (USEPA 90).”
This working definition is encumbered by a greater degree of imprecision and ambiguity
and requires additional definitions of the terms “unimpaired”, “community structure” and
“community function” (R. J. Diaz personal communication). In contrast the Karr and
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Dudley (1981) definition is not only more thorough but also more relevant in terms of
elucidating management recommendations and restoration goals.

Prevalence of Non-Biological Methods
Monitoring of aquatic systems has historically been dominated by non-biological
methods. Standardized assessments of ambient chemical and physical parameters of
water quality were and continue to be appealing not only because they can provide
accurate and repeatable measurements but also as they can lend statistical validity and
thus legality to monitoring efforts (Herricks and Schaeffer 1985, Karr et al. 1986, Miller
et al. 1988, Mason 1991). In addition, many chemical parameters relate directly to
human health concerns (Cairns and Pratt 93, Suter 1993). Physical and chemical
variables such as temperature, concentrations of organic and inorganic compounds,
dissolved oxygen, and heavy metals, have been the primary focus of many efforts to
monitor water quality degradation (Hilsenhoff 1977, Karr and Dudley 1981). However,
without biological components, these ambient physico-chemical determinants of water
quality are effective only when used indirectly to predict the ecological condition of
aquatic communities (Miller et al. 1988, Cranston 1990). Persistent reliance upon
chemical monitoring techniques will continue to furnish imprecise assessments of the
condition of these systems, and their condition will continue to decline (James 1979,
Miller et al. 1988).
Chemical analyses of discrete water samples may not allow investigators to
determine whether the exposure of a system to an intermittently present contaminant is
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acute or chronic (Mason 1991). The effect of a substance on an aquatic environment
depends upon the pollutant, the concentration and the duration of exposure.
Concentrations of pollutants may below enough to escape detection by chemical methods
but persistent enough to affect the exposed biota (Mason 1991). Chemical interactions
may be independent, additive, antagonistic, or synergistic, and the complex interactions
of contaminants with one another and with the aquatic environment may alter their
overall effect. Furthermore, the contaminant effects may also vary with the ionic content
of the surrounding waters (Mason 1991, Underwood 1996). This is an important and
often complicated consideration in estuaries which are characterized by salinity gradients,
stratification and mixing, and frequent disturbances characteristic of these water bodies.
It is the outcomes of these final interactions, not merely contaminant concentrations, that
affect resident organisms.
Conventional chemical methods employed in water quality evaluation are
inadequate measures of ecological status (Hilsenhoff 1977, Mason 1991, Davis and
Simons 1995, Karr 1995). They may overlook intermittent pulses of pollution, events
that can nonetheless be devastating to an environment (Hilsenhoff 1977, Mason 1991).
Biological communities may also respond to new or unsuspected pollutants or
disturbances, substances, and/or events differing from those that are tested for during
routine assessments (Mason 1991). However, exhaustive physico-chemical assessments
are often too costly and time-consuming for routine testing. Customary examinations are
generally not sufficiently comprehensive, sensitive or frequent enough to detect both low
concentration and sporadic pollution events.
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Anthropogenically induced alterations of biological integrity such as habitat
modification can be just as damaging to aquatic habitats as chemical pollution but they
may not be detected by chemical monitoring methods (Karr et a l 1986, Mason 1991).
Limiting factors such as restricted physical habitat often go undetected by chemical
monitoring, and such situations are unlikely to be improved by the panacea, limiting
point source effluents (Miller 1988). The 1987 amendments to the Clean Water Act
attempted to address this problem by redefining the term “pollution”, expanding it
beyond the conventional chemical contaminant meaning to encompass any “man-made or
man-induced alteration of the physical, chemical, biological or radiological integrity of
water” (Karr 1995). This interpretation is rarely utilized, however, and both the
previously established definition and monitoring methods prevail.
Although chemical assessment is considered both by many researchers, and a
growing number of resource managers to be inadequate for monitoring the biological
effects of disturbances let alone conventional pollution (Karr 1981, Herricks and
Schaeffer 1985, Miller et al 1988, Cranston 1990, Mason 1991, Angiermeyer and Kan1994, Karr 1997), the utilization of chemical contaminant approaches remains, in many
cases, a surrogate for comprehensive ecological monitoring (Karr 1981, Herricks and
Schaeffer 1985). Searching for alternatives to biological monitoring will not provide
legitimate answers. Even bio-assays and toxicology studies, once assumed to be
adequate substitutes for in situ examination of biota, are now viewed merely as ersatz
ecosystem assessments (Herricks and Schaeffer 1985, Underwood 1996). Although they
can provide an important biochemical link to understanding physiological responses to
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pollution, the bio-availability of toxins in natural systems may be unpredictable and
dissimilar to that in laboratory conditions (Underwood 1996).
In the past, the hazards of aquatic pollution were identified and assessed in terms
of their threat to human health (Cairns and Pratt 1993, Suter 1993, Karr 1997). In the last
25 years, though, there has been a slow shift in ideology to a growing acceptance that
ecological risks can pose an additional threat to cultural and societal well-being (e.g.
increasing awareness of the problems associated with aquatic nuisance species and the
plight of the wild Pacific salmon). Furthermore, with the realization that reliance upon
chemical water quality parameters has allowed the continued decline of the biological
integrity of aquatic systems, many agencies at state and federal levels are moving to
incorporate biological monitoring efforts and biocriteria into their traditional monitoring
procedures (USEPA 1990, Karr 1997).
In order to create a truly extensive and effective strategy for monitoring these
systems, a comprehensive understanding of reactions at the population and assemblage
level of aquatic ecosystems affected by contamination and disturbance is necessary (U.S.
Congress 1991). Supplementing traditional chemical monitoring with monitoring
techniques founded upon accepted ecological principles is more likely to protect aquatic
environments from degradation than continued neglect of biological criteria (Karr 1991,
Deegan et al. 1997). Comprehensive assessment procedures should include biological
monitoring of the aquatic community in question as well as appropriate chemical and
physical assessment.
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History of Biological Monitoring
Simply defined, biological monitoring is a form of surveillance employing the
responses of living organisms to ascertain whether or not an environment is favorable
(Cairns and Pratt 1993). Despite its under-utilization, biological monitoring and the use
of biocriteria are not new concepts. Familiar historical examples include the use of
canaries in coal mines and food tasters employed by royalty to detect poison. Since that
time, biological monitoring techniques have expanded their scope of applicability.
Biological monitoring was a developing field in limnology until the early
twentieth century when the discipline’s focus became more hydrological encompassing
physical engineering, flow studies, and quantitative analysis of river characteristics
(Cairns and Pratt 1993). Hindered by the inability to quantify data rigorously and by a
lack of strict development goals, investigators of biological assessment techniques aimed
their efforts in disparate directions. This furthered the impression that biological
monitoring was a less-than-exact science (Weber 1981).

Contemporary Biological Monitoring
Although the use of indicator organisms had already become common in Europe,
it was not until the 1960’s that interest in aquatic community assessment was rekindled in
the United States (Davis 1995). There were many reasons for the suspicion of these
assessment techniques: the complex taxa lists and ranks developed initially for use in
Europe were inappropriate for use in similar North American ecosystems, and at the time
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of their inception the United States was focusing more on toxicity analysis rather than on
the long-standing problem of nutrient loading in Europe (Cairns and Pratt 1993). In
contrast, physicochemical measures have dominated in North American, despite the welldocumented arguments of biologists that pollution assessment is primarily a biological
problem (Cairns and Pratt 1993). American investigators were wary of overconfidence in
assessment methods that relied in many cases solely upon a few indicator organisms and
this rejection of biological indicators only served to perpetuate a belief in the superiority
of chemical contaminant criteria (Cairns and Pratt 1991, 1993). Although there have
been many improvements in the field, skepticism regarding the validity of biological
monitoring techniques continues today.
Despite doubts as to the veracity of biological monitoring, the need for
comprehensive ecological evaluation techniques in the United States continues to gain
recognition. As environmental degradation continues even in the wake of actions by
regulatory agencies, many aquatic ecologists have become frustrated and have refocused
their efforts on developing more reliable, quantifiable assessment and restoration tools
(Underwood 1996). As a result there has been a resurgence of investigation into the
development of quantitative biological assessment tools.
Recognizing the potential of biological monitoring, researchers in the late 1960’s
and early 1970’s began developing new techniques and methods to meet the demand for
quantifiable data sets. Quantification of biological monitoring efforts had many forms;
Shannon-Wiener species diversity indexes, the presence/absence of tolerant/intolerant
species (Armitage et al 1983), the keystone species concept (Paine 1969), and a focus on
14

particular taxonomic and ecological spectra (Brown 1978, Hocutt 1981, Karr and Dudley
1981), including diatoms (Patrick 1992, Cooper 1995), and benthic organisms (Hawkes
1979, Diaz 1989, Kerans and Karr 1994, Barbour e ta l 1996, Fore etal. 1996, ZamoraMunoz and Alba-Tercedor 1996) as indicators of environmental change. With the
advance of more complex analytical methods, advanced statistical theory and better
interpretation of complex data, the development of quantitative biological monitoring
methods moved rapidly forward (Underwood 1996). Still, oversimplification, reliance
upon poorly transformed biological data, and the tendency to develop methods based on
personal specialization rather than on assemblages persisted.
Courtney Riordan, director of the Office of Environmental Processes and Effects
Research, USEPA, stated during a 1991 hearing on the Clean Water Act Research and
Monitoring before the US House of Representatives’ Subcommittee on the Environment,
that under present conditions “the need for advances in research and monitoring is greater
than existed in the p a s t... current water quality criteria do not cover the full range of
characteristics that make up biological integrity." Since that time the USEPA has altered
its monitoring procedures to include biological surveys, criteria and assessments to
complement the traditional physical and chemical assessments of water quality and better
reflect the cumulative effects of human activities on aquatic resources (USEPA 1990).

Biological monitoring in aquatic systems is based on the relatively
straightforward concept that organisms resident in bodies of water function as natural
monitors of water quality (Hilsenhoff 1977, Barbour et a l 1996). When an aquatic
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system is stressed, those organisms that cannot tolerate the changes will either leave or
perish (Hilsenhoff 1977). Community structure thus reflects both short- and long-term
ecological conditions and can reveal the effects of conventional pollution and habitat
alteration as well as natural variation (Hilsenhoff 1977, Barbour et al. 1996). A good
field ecologist, long-familiar with an aquatic system and the way in which it reacts to
stress and environmental variation can often evaluate water quality with a single
superficial survey of its fauna (Hilsenhoff 1977, Fore et al 1996), but without a
quantitative method for assessing the biotic assemblage it is difficult to pass this
knowledge on to managers and policy makers in a utilitarian form. This information is
difficult to express both quantitatively and in a manner that does not require its recipient
to possess the same extensive ecological knowledge as the researcher. Development and
acceptance of biological monitoring has been further hindered by these requirements due
to prior misuse of biological monitoring. This is the consequence of oversimplification
of results and loss of information, outcomes often accompanying the translation of
biological observations into non-biological terms and conclusions (Hawkes 1979, Mason
1991, Fore etal. 1996).
Past attempts at biological monitoring have also restricted the scope of biological
monitoring techniques currently available. Biological monitoring has often been used
only to approach single effects rather than the wider array of anthropogenic distresses
that diminish biological integrity (Miller et al. 1988, Kerans and Karr 1994). The natural,
spatio-temporal variation of community structure has also confounded the development
of long-term biological assessments (Warwick 1992). For example, benthic species are
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known to vary in abundance and distribution even in seemingly homogeneous,
undisturbed systems (Underwood 1996).
Confidence in long term biological monitoring efforts also remains low as few
ecological resource programs have been active for long enough or have been expansive
enough to convincingly define the expected goals of a system possessing integrity
(Ranasinghe et al. 1994, Suter 1993). Additionally, long-term monitoring programs are
at the mercy of funding availability and are thus often discouraged at the agency level.
Furthermore, biological monitoring will always be restricted by the limitations of the
investigators’ knowledge of the ecosystem(s) being examined and the paucity of
information available on their ideal, unimpacted state.
In the last twenty-five years, biological monitoring programs focusing on biotic
assemblages and communities have been developed and implemented to address these
concerns. The complexity of ecological systems has resulted in a wide variety of
approaches. The development of comprehensive chemical, physical, and biological
monitoring methods is a daunting task, one that requires well defined limits and goals for
assessment. Without this researchers run the risk of creating methods that are too
specialized or too difficult to interpret (Hawkes 1979). However, an ample body of
evidence has accumulated supporting that the responses of many aquatic communities to
stress involves loss of some species and often the replacement of species by functionally
similar, more tolerant, taxa (Cairns and Pratt 1993). There is also a growing number of
researchers who believe that examination of biological communities (e.g. the
characterization of taxonomic richness and composition) is a successful instrument
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available for quickly and accurately detecting disturbance in aquatic ecosystems (Cairns
and Pratt 1993, Karr 1997).
Reliable assessment of biological integrity necessitates methods that synthesize
the ecological characteristics of whole ecosystems rather than those that depend on
simplified assessments of single variants such as species diversity or indicator species
(Miller et al. 1988, Ranasinghe etal. 1994). Recently, both species diversity and
biodiversity have become “hot” conservation concepts but it is a mistake to elevate these
characteristics to the level at which they are seen as the ultimate in preservation
objectives. As Angiermeyer and Karr (1994) enumerated, "current loss of biological
diversity is tragic but loss of biological integrity includes loss of diversity and breakdown
of the processes necessary to generate future diversity." In addition, it may be erroneous
to consider naturally occurring low diversity habitats less important and/or not as stable
as more diverse communities.
Multimetric analyses have been touted by several authors as both more sensitive
and more readily comprehensible for assessment of biological data (Barbour et al. 1996,
Fore et al 1996). The use of “metrics” or characteristics of the biota that change in some
predictable way, changes ideally based on ecological principles (Karr et al. 1986), allow
investigators to assess responses to anthropogenic disturbances (Barbour et al. 1996).
This technique defines a assortment of measures that individually might only provide
limited information on the biological status of a system, but when these metrics are
integrated, they serve as an overall indicator of biological condition (Johnson et al. 1993).
Well designed, comprehensive multimetric approaches may be more powerful tools for
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assessing the effects multiple stresses on an ecosystem than a single metric; their results
may also retain biological relevance (Barbour etal. 1996, Fore et al. 1996). Well
documented community responses to environmental stressors include shifts in species
composition to taxa considered more opportunistic and tolerant, reduced species richness,
and reduced individual biomass (USEPA 1990). It is important that biological
monitoring protocols incorporate these and many other attributes as individual,
population, community and ecosystem responses vary under different stresses (Karr
1997). The strength of ecologically sound multimetric surveillance techniques lies in
their ability to integrate information from these levels to allow for their evaluation in a
simple, ecologically based index of water quality.

The Index of Biotic Integrity
The Index of Biotic Integrity (IBI) (Karr and Dudley 1981) is a one such
multimetric analytical framework, designed to characterize the condition of fish
communities in freshwater streams of the Midwest. The original IBI, created by James
Karr and the Illinois EPA, was developed to assess the degradation of both water quality
and environmental quality in freshwater streams resulting from agricultural inputs. This
IBI measured a range of attributes of fish assemblages from species composition to
trophic composition and fish abundance (Karr and Dudley 1981). The data obtained at
each site were evaluated in comparison to a previously evaluated “reference site” (i.e. one
possessing integrity) and then assigned a numerical rating reflected the amount of
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deviation from the reference site (Karr et al 1986). The sum of scores earned by each
metric measure reflects the overall integrity of the site.
The IBI concept is a valuable multimetric assessment tool because it can be
adapted to fit the specific needs of each ecosystem examined (Barbour et al 1996). It is
a method for successfully integrating information from a variety of ecosystem levels into
a single ecologically based index for evaluating the quality of an aquatic region (Karr et
al 1986). The principles upon which it was developed are considered sound and readily
adaptable for use with other aquatic environments and assemblages (Karr et al 1986,
Barbour et al 1996, Weisberg et al 1997). The IBI concept is founded on the use of
established, quantifiable principles of stream ecology, not on the development of new
ones (Weisberg et al 1997). The IBI framework is sensitive to community composition
changes caused by anthropogenic disturbances that may not register in ambient chemical
monitoring (Angiermeyer and Karr 1994). The original IBI has been adjusted to a variety
of stream conditions and used successfully in more than 20 states (Angiermeyer and Karr
1994).

Future of Biological Monitoring
“An important key to successful restoration, mitigation and
conservation efforts is having an objective way to assess and compare
the biological integrity of damaged sites.” (Karr 1997)
Despite their potential shortcomings, biological assessments of water quality have
in many cases proved to be successful, detecting even mild, intermittent pollution
(Herricks and Schaeffer 1985, Berkman et al 1986, Mason 1991, Angiermeier and Karr
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1994) and anthropogenic disturbances (Fore et al. 1996). As it is possible for biological
assessment techniques to detect the effects of multiple, often synergistic stresses, and
because such methods directly evaluate the ecosystem being altered and are less resource
intensive than comprehensive chemical monitoring, biological assessments are the logical
direction for monitoring efforts to take (Hilsenhoff 1977, Herricks and Schaeffer 1985).
As traditional water pollution as well as aquatic ecosystem degradation are often manifest
as a biological phenomenon (Cairns and Pratt 1993), reluctance to include biological
monitoring techniques with physico-chemical methods seems absurd, yet barriers remain.
Karr et al (1986) state that “[despite] the ability of a water resource system to sustain a
balanced biological community is obviously the best indicator of its potential... that
ability is largely unprotected by present monitoring and assessment techniques.”
Over the past decade the use of IBI s and conceptually similar multimetric indexes
of integrity has become more common in freshwater monitoring programs, and they are
utilized by a variety of state agencies and consulting companies (USEPA 1996). Recent
work by Fore et al. (1996) has led to the development of an IBI that utilizes riverine
benthic macroinvertebrate assemblages as well as fish. In addition, Thompson and
Fitzhugh (1986), Deegan (1997) and Weisberg etal. (1997) have used the IBI framework
to develop multimetric indices for use in estuaries.
Successful long-term monitoring programs will require a balance of physical,
chemical and biological measurements (Rosenberg and Resh 1993). Thus, while the
primary focus of federal controls remains on inadequate regulation of concentrations of
point source discharges, biological integrity will continue to be an unattainable goal.
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However, there is a growing trend in aquatic resource assessment incorporating
biological monitoring tools with those more traditional methods.
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Chapter 2:
CHESAPEAKE BAY MONITORING OVERVIEW

Chesapeake Bay Restoration Goals
Benthic monitoring of Chesapeake Bay has been conducted by a variety of
agencies for the past 25 years (Ranasinghe etal. 1994). In 1992 investigators at
VERSAR, Old Dominion University, and the Virginia Institute of Marine Science began
work with the Chesapeake Bay Program on a project to assimilated standardize
retrospective data from five Chesapeake Bay sampling programs conducted from 19721991 (Weisberg e ta l 1997). This database was used to define restoration goals for seven
habitat types differentiated by salinity and sediment type, within Chesapeake Bay. This
Chesapeake Bay benthic community restoration goals index was modeled after Karr and
Dudley’s (1981) Index of Biotic Integrity (IBI), but used estuarine macrobenthic
assemblages rather than freshwater fishes. The ecological principles quantified by this
Benthic IBI (BIBI) are based on the organic gradient response model o f Pearson and
Rosenberg (1978). Benthic assemblages respond to improvements in habitat quality in
three progressive stages:

(1) the abundance of organisms changes, (2) species diversity
increases as new taxa are able to survive at the site, and (3) the
dominant species at the site change from pollution-tolerant to
pollution-sensitive species (Weisberg et al 1997).
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Further metrics were developed in the expectancy that abundance and diversity of species
occurring deeper in the sediment should be greater at reference sites than at degraded
sites (Schaffner 1990, Dauer 1993) and that feeding guild diversity should be lower at
degraded sites (Word 1978 in Weisberg e ta l 1997).
Clear, validated goals can be used as "measuring sticks" for other sites (Weisberg
et al. 1997). They can be utilized for assessing the condition of a system, the extent of
degradation at a location, the identification of high priority sites needing restoration
and/or management attention, the end points for restoration attempts, and the progress or
lack thereof of restoration attempts (Ranasinghe et al. 1994, Weisberg et al. 1997). The
“goals” developed were expected to reflect accurately the conditions of benthic
communities at sites relatively unaffected by disturbance and stress (Weisberg et al.
1997). The environmental status of the sites evaluated by the developed metrics were
validated using independently collected data from 1992 - 1994.
The best validation rates of the BIBI were demonstrated in five of these seven
habitat zones surveyed. At these sites the goals index correctly distinguished stressed
from reference sites 93% of the time (Weisberg eta l 1997). However, insufficient data
was available for the development and validation of a set of goals for the two low-salinity
habitat zones (tidal freshwater and oligohaline).
The development of successful indices for estuarine benthos in low-salinity
regions was further hindered by the paucity of information available on the life history
and pollution sensitivity of many species. Such information is critical to the development
of metrics which classify taxa as pollution-indicative or pollution-sensitive. Furthermore,
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pollution tolerances of invertebrates are generally classified based on their life history
characters (Dauer 1993) which may be ambiguous or inconsistent with their response to
pollution (Seitz and Schaffner 1995) thus reducing the sensitivity of the test by hindering
the ability of the metrics to distinguish between stressed and unstressed sites.

The Chesapeake Bay Estuarine System
Chesapeake Bay, a drowned river valley estuary formed nearly 10,000 years ago,
is the largest estuary in the United States, receives approximately half of its water from
the Atlantic Ocean. The remainder (on average 70,000 cubic feet per second) drains from
its 64,000 square-mile drainage basin, a watershed that includes parts of 6 states and the
District of Columbia (Reshetiloff 1996).
The Chesapeake is highly branched, with 19 major tributaries and many hundreds
o f smaller streams and creeks creating more than 4,500 miles of tidal shoreline
(Reshetiloff 1996). The northern and western regions of the Chesapeake watershed
contribute approximately 85-90% of the freshwater flow into the Chesapeake. The
eastern shore contributes the remainder, only 10-15% of the total volume of freshwater
entering (Reshetiloff 1996). Although the Chesapeake itself lies within the Atlantic
Coastal Plain, its watershed spans parts of the Piedmont and Appalachian Provinces.
These tributaries transport fluvial sediments from the provinces to the coastal plain,
resulting in a net accumulation of silts and clays in the lower stretches of the tributaries
and the mainstem of the Chesapeake (Reshetiloff 1996).
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The dominant feature of Chesapeake Bay is its salinity gradient, and the mixing of
fresh and salt water creates distinct biological zones (White 1989). The salinity of the
tributaries tends to vary inversely with rainfall, and seasonal variations in flow as well as
vertical mixing determine the salinity throughout the Chesapeake. As it does in estuaries
in other parts of the world, salinity plays a major role in controlling the distribution and
diversity of organisms in the Chesapeake (Diaz and Schaffner 1990).
Chesapeake Bay can be divided into five salinity zones according to the Venice
classification system. Of interest to this project are the oligohaline and tidal freshwater
zones, the regions where the BIBI developed by Weisberg et al. (1997) were able to
distinguish reference sites from degraded only at a low validation efficiency. In spite of
the fact that they are highly productive, make up a large portion of the tributaries and
border many high-density urban areas, these two low-salinity regions are poorly studied.
In addition to being home to more than 2,500 species, the Chesapeake Bay
watershed is inhabited by nearly 15.5 million people, with a projected growth of 3 million
in the next 20 years (Chesapeake Bay Program 1998). Although it is the largest and most
productive estuary in the nation, the Chesapeake is threatened by environmental problems
resulting principally from human land-use activities. Along with chemical contamination
from point and non-point source pollution, sediment and nutrient loading diminish the
Chesapeake’s water quality and impact its overall integrity. Excess organics and water
column stratification contribute to patches of hypoxia and anoxia in Chesapeake Bay.
The largest nutrient loads enter the Chesapeake through Susquehanna, Potomac and
James Rivers (USGS 1995). The primary sources of this nutrient pollution are fertilizer

26

and animal waste run-off from agricultural land and sewage treatment plant discharges.
Excess sedimentation is also contributed to by agricultural run off, deforestation and
development of the Piedmont and Coastal plain areas. In addition, contaminant problems
still exist in the Chesapeake (Chesapeake Bay Program 1998), the nature, extent and
severity of which vary widely throughout the Chesapeake. Although conditions in the
Chesapeake are slowly improving, the human population continues to grow and much
work still needs to be done to reduce anthropogenic inputs and dampen the impacts of a
growing population.

Oligohaline Overview
The oligohaline regions of Chesapeake Bay are limited to areas of the tributaries
feeding the mainstem. They are defined by an average annual salinity range of 0.5 to 5
psu (Remane and Schlieper 1971). The oligohaline zone is an area of extremes. It is here
where freshwater and salt meet, where the turbidity maximum zone rapidly deposits
sediments and where the highly debated species minimum may exist (Remane and
Schlieper 1971, Deeton and Greenburg 1986, Diaz 1989, Vannote e ta l 1990). The
resulting habitat is physically stressful, and that greatly affects the biotic community.
The inhabitants are a eutytopic mixture of highly tolerant freshwater and estuarine
species. They exist at low species diversity and in low to high densities of organisms
(Diaz and Schaffner 1990). This poses a two-fold problem for pollution studies. First,
the ratio of pollution-indicative to pollution-sensitive taxa is skewed in favor of the
highly tolerant species even in pristine oligohaline regions. Second, the environment is
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naturally highly variable. Without careful study this may mask the effects of point source
pollution and other anthropogenic disturbances (Diaz 1989).

Tidal Freshwater Overview
Tidal freshwater regions also present a unique challenge to community ecology
studies. Occupying the uppermost reaches of estuaries, tidal freshwater systems are
characterized by tidal flushing, predominantly freshwater flora and fauna with a moderate
diversity, although low densities, and near-freshwater salinities (having an average
annual salinity of 0.5 psu or less except during extended periods of drought) (Odum et al.
1984, Yozzo et al. 1994). Situated between the oligohaline reaches of estuaries and the
fall line delineating the lowest limits of the nontidal limnetic zone, tidal freshwater
stretches are distinct, ecologically important parts of estuarine communities. Although
they are often stressed by anthropogenic activities, their location in the transition zone
between marine and freshwater environments has caused them to be greatly neglected
regions (Schuchart et al. 1993). Traditionally, limnologists limit their studies to the areas
above the fall line while marine ecologists do not study regions above the oligohaline
boundary (Remane 1977, Odum 1988).
This neglect of tidal freshwater zone ecology has complicated the development of
biological metrics for assessing these systems. Stressful physical conditions for both the
estuarine and freshwater inhabitants dictates low overall diversity, dominated by the
hardiest organisms (Remane 1977). Low species diversity and a large abundance of
hardy organisms are typically interpreted as designating degraded environments
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(Brinkhurst 1969, Pearson and Rosenberg 1979). In tidal freshwater regions they are the
norm. Additional complications to assessment include dominance of the communities by
oligochaetes and chironomids, organisms considered difficult to identify at high
resolution without thorough training (Mason 1991, Epler 1994). Identification of both
taxa generally requires slide preparation of individuals and it is nearly impossible to
identify the Chironomidae larvae to species without raising them to adulthood (Merritt
and Cummins 1982). The lack of extensive information available on the status of
unperturbed tidal freshwater regions and their responses to stress further confounds the
development of a successful benthic index of biotic integrity for such a region. A
combination of these factors may mean that tidal freshwater regions may not be truly
assessable using either freshwater or estuarine criteria. Therefore, new metrics that take
the unique characteristics of the environment were developed.
Several European researchers have included tidal freshwater regions in their
studies (Schuchart et al. 1993), but the primary focus has been on the ecology of tidal
freshwater marshes (Pfannkuche et al. 1975, Pfannkuche 1981) rather than benthic
stream communities. In North America most tidal freshwater studies have concentrated
on the east coast of the continent, primarily in the mid-Atlantic region and its extensive
estuarine systems (Yozzo and Diaz in press). Overall, tidal freshwater regions, especially
those in the United States, have not been well studied despite their widespread location
and their importance, both ecological and commercial.
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Regional Significance
Despite their characteristic low species diversity, tidal freshwater and oligohaline
regions are important habitats for a variety of organisms including many commercially
important ones. Tidal freshwater reaches are utilized as nursery zones, spawning ground
or feeding areas by both resident and anadramous fishes including herring, shad, stripped
bass, perch, Atlantic salmon and mummichogs (Odum et al. 1984). Preserving the
integrity of the tidal freshwater reaches of estuaries is especially important for the
survival of these fishes. Organic pollution in the upper reaches of estuaries can be severe
and lead to hypoxic and anoxic conditions. This may prevent these fishes from reaching
their headwater breeding grounds and/or deplete their food supplies (Mason 1991). In
addition, the insect larvae these fishes feed on can be threatened by the heavy runoff of
agricultural insecticides (Cranston et al. 1990). As tidal freshwater regions often are
situated close to urban areas and inland harbors, urban runoff and poor land use practices
further the deterioration of these areas.
Tidal freshwater and oligohaline marshes and the surrounding waters are used
extensively by both resident and migratory birds ( Yozzo et al. 1994). As a result of the
high abundance and diversity of food, these regions are home to about 280 species,
including Canada geese, ducks, pelicans, herons, egrets, bitterns, etc. (Odum et al. 1984).
Due to the characteristic low-salinity of these zones a wide variety of fresh and marine
marsh plants flourish there (Odum et al. 1984).
Tidal freshwater and oligohaline areas also represent an ecologically important
step in energy transfer in estuaries (Diaz 1989). They are areas characterized by high
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energy production, and large amounts of organic matter and phytoplankton production
(Diaz 1989, Yozzo et al. 1994). Tidal freshwater habitats in the Chesapeake contain the
highest amount of macrobenthic organic carbon (on a unit/area basis) (Diaz and
Schaffner 1990). The bulk of the benthic production in both the tidal freshwater and
oligohaline regions of Chesapeake Bay is due to two species of introduced clams
(Corbicula flumenia and Rangia cuneata respectively). In more euryhaline habitats
productivity is spread out among far more taxa (Diaz and Schaffner 1990).
Due to both the significant commercial and ecological roles of these low-salinity
systems and the lack of ecological information available on these ecosystems, it is
important to develop habitat-specific restoration goals for them.
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Chapter 3:
INDEX DEVELOPMENT

A goal of this project was to develop and evaluate a Benthic Index of Biotic
Integrity (BIBI) for the tidal freshwater and oligohaline regions of Chesapeake Bay. This
index was based on the approach developed by Karr (1981, 1986) and modified by
Weisberg et al (1997) for use with benthic communities in the Chesapeake. The
following process was used to select metrics tested during the BIBI’s development.

Framework
The basic structural characteristics of a valuable index are utility fidelity,
reliability, sensitivity, and rapidity (James and Evison 1979). Development of a
reasonable multimetric technique for assessing biological integrity requires familiarity
with the natural ecological processes controlling a system as well as the system’s
reactions to stresses (Angiermeyer and Karr 1994). Developmental goals must be
carefully outlined before proceeding with the index formulation (Mason 1991). In
addition, it is important that the index is founded on the selection of appropriate metrics
(Karr 1997).
Assessment and management of aquatic resources require a “holistic approach”
(Karr and Dudley 1981) and should incorporate measures of the relevant chemical,
physical and biological features that shape and define the ecosystem. This monitoring
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project, which was based in part on Karr’s (1981, 1986) IBI considered the following
guidelines (modified from Ranasinghe etal. 1994, Covich et al. 1996) prior to metric
development:
•

Ecological Relevance
Biological measures must reflect the structure and function of the ecosystem.

Commonly used measures manifest environmental characters which may signal the
influence of external factors.
•

Societal Relevance
Measures and the assemblages they survey must have a demonstrable importance

to non-scientists and the general public. The fully developed index must be easily
communicated to others, including mangers and policy makers, while avoiding over
simplification and loss of information.
•

Sensitivity of Assessment to Ecosystem Variability
The ability to distinguish between natural variability and anthropogenic

disturbances is essential. Metrics must demonstrate sensitivity to moderate levels of
disturbance and pollution and must be readily applicable to the environment (s)
examined:
•

Utility
Costs associated with data-collection and analysis should be low. Tests and

collection methods should be well-standardized to facilitate long-term implementation of
assessment and use by many researchers. Time and labor-intensive metrics, although
they may prove successful, must be carefully weighed when taking into account the
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utility of index, e.g. higher levels of taxonomic resolution, while more sensitive, require
both time-intensive preparation and identification, as well as requiring more specialized
knowledge of personnel. Once these conditions have been recognized, the development
of the index can proceed.

Assemblage Choice
Accurate assessment of an ecosystem also depends on the use of the appropriate
biological assemblage(s). Much debate exists as to which assemblages are more
appropriate. Both fish and macroinvertebrate communities have been used extensively
and successfully in biological monitoring efforts (Karr et al. 1986, Fore et al. 1994,
Barbour et al. 1996, Deegan et al. 1997). Other assemblages utilized include
macrophytes, epibenthos, meiofauna, phytoplankton and zooplankton (USEPA 1990,
Patrick 1992).
The use of macroinvertebrates as indicators of system condition has been
widespread in both marine and freshwater ecology (Pearson and Rosenberg 1978) and is
favored by many investigators (Berkman et al. 1986, Diaz and Schaffner 1990, Dauer
1993, Rosenberg and Resh 1993, Weisberg et al. 1997) including Brinkhurst (1969) who
stated, “It is perhaps among the benthic organisms that we find the best indicators of
change.” Numerous studies have demonstrated that benthos respond in a predictable
manner to many kinds of natural and anthropogenic stresses (Pearson and Rosenberg
1978, Dauer 1993, Weisberg et al. 1997) thus, benthic invertebrates are used extensively
as indicator organisms.
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Benthic macro-infauna are considered by many to be the best suited organisms for
biological monitoring programs. Their abundance is widespread, they are reasonably
easy to collect and identify, they have limited mobility and they have life cycles spanning
a few months to a few years (Hilsenhoff 1977, Weisberg et al. 1997). The taxonomic
diversity of the benthos reflects a variety of pollution tolerances, responses to stress and
trophic levels (Ranasinghe et al. 1994). Infauna must cope with low oxygen stress and
contaminants making them ideal indicators for these stresses. Unlike fishes and other
pelagic fauna, relatively sessile benthic invertebrate communities reflect localized
environmental conditions both past and present (Pearson and Rosenberg 1978, Diaz and
Schaffner 1990). Short life spans ensure that community and population level responses
are reflected in a short period of time. Once an organism is stressed to the point of death,
it will remain absent from that system at least until the next generation (Hilsenhoff 1977).
Benthic invertebrates also display a wide range of physiological tolerances and trophic
interactions which are useful in the development of metrics (Barbour et al. 1996,
Weisberg et al. 1997). For these reasons benthic communities have been frequently used
to describe environmental conditions and community attributes are used as “metrics” or
assays of prevailing conditions (Ranasinghe etal. 1994, Rosenberg and Resh 1993,
Barbour etal. 1996)
In estuarine systems benthic organisms are markedly responsive to pollution
stresses and thus highly appropriate to this study. The benthos is the final convergence
for nutrients, sediments and chemical contaminants entering Chesapeake Bay. These
macroinvertebrates are closely associated with sediments that often serve as a sink for
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toxic compounds (Johnson et al. 1993). Chemical contaminants tend to adhere to small
particles that are rich in organics and in tidal freshwater and oligohaline regions both the
turbidity maximum and benthic feeding processes contribute to the deposition of carbon,
nutrients and these water column particles. The benthic community also serves as a
functionally important link to the rest of the Chesapeake’s subsystems (Diaz and
Schaffner 1990). For these reasons it is an appropriate assemblage to focus the
development of an index, the purpose of which is to interpret the ecological condition and
integrity of Chesapeake Bay.

Metric Selection
A successful biological monitoring program requires methods that reliably assess
water quality over an extended period of time and results that are quantifiable in a way
that allows for comparison, reflect as much of the community as practicable, and, if
possible, are relevant to non-scientists and the general public as well as researchers.
(Price 1978, Extence etal. 1987, Covich et al. 1996).
The IBI concept, as developed by Karr (1981, 1986), requires that metrics chosen
meet the following criteria (Karr 1997):
1.) metrics are biologically and ecologically meaningful;
2.) they increase or decrease as human influence increases;
3.) are sensitive to a range of stresses;
4.) distinguish stress-induced variation from natural and sampling variation;
5.) are relevant to societal concerns; and
6.) are easy to measure and interpret.
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These requirements were taken into consideration while the new list metrics was
consolidated.
As the previous study conducted by Weisberg et al. (1997) was unable to validate
at a high efficiency the few individual metrics usable in the low-salinity regions
surveyed, this attempt set about compiling a new list of possible metrics, one that
included both the original metrics proposed by Weisberg et al. (1997) and metrics that
might reflect the unique character of tidal freshwater and oligohaline regions. A list of 30
structural, functional and trophic measurements of the benthic assemblages was compiled
(Table 1). Most metrics were based on either relative abundance of, or number of taxa
within a specific taxonomic or functional grouping. The original metrics used by
Weisberg et al. (1997) were utilized along with new metrics chosen to characterize more
accurately stress-related changes in the tidal freshwater and oligohaline/low-salinity
estuarine regions. Metrics were chosen from those used by researchers investigating
biological integrity in freshwater rivers and streams, and lakes. These two systems were
chosen because they have physical and faunal characteristics in common with the
estuarine regions in question. Riverine areas share characteristics such as dominant
communities of insect larvae and other freshwater species. Benthic lake communities are
similar to tidal freshwater and oligohaline benthos in that they often demonstrate low
species diversity and dominance by oligochaetes and chironomids. In addition, the
responses of lake and river benthos to stress have been both extensively studied and
widely used in pollution assessment.
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TABLE 1:

Explanation of candidate metrics, expected direction of response to
increasing perturbation (i.e. anthropogenic stresses) and metric sources.
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Richness Measures:

The richness measures chosen reflect the diversity of the benthic assemblages
(Rosenberg and Resh 1993). They may be correlated with the condition of the benthic
community, reflecting that habitat, food availability, etc., are adequate to support the
survival of a variety of species. The number of taxa reported reflects this variety. For
example: the number of Chironomidae taxa represents the variety of the non-biting
midges present in Chesapeake Bay. The Chironomidae include both pollution-tolerant
and intolerant taxa and are regularly used in both riverine and lacustrine environmental
monitoring (Brinkhurst 1969, Cairns and Pratt 1993, Barbour et al. 1996) although they
are rarely identified beyond family or sub-family (Ristich et a l 1977). Barbour et al.
(1996) also utilized a metric consisting of the number of crustacean and molluscan taxa.
This measure of the number of calcium dependent taxa has been used in riverine
monitoring as an indicator of healthy benthos associated with macrophyte beds (Barbour
et al. 1996). The number of Oligochaeta and Polychaeta taxa were modified from
Barbour et al’s (1997) use of community diversity measures. In the benthos of
organically polluted lakes the number of oligochaetes stays high while other taxa become
scarce (Brinkhurst 1969) but, like chironomids, oligochaetes are rarely identified to
species by investigators (Ristich et al. 1977). The Polychaeta consist of a variety of
species which respond differently to pollution, but as an assemblage they are considered
much less pollution-tolerant than either oligochaetes or chironomids.
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Composition Measures:

Metrics reflecting the composition of the low-salinity benthic communities
provide information on the make-up of these assemblages and on the relative contribution
of the surveyed populations to the total fauna (Barbour et al. 1996). The ShannonWiener Index, a diversity index combining species richness and evenness, is a commonly
used biocriterion in environmental monitoring (Karr et al. 1986, Barbour et al. 1996,
Barbour et al. 1997, Weisberg 1997). Weisberg et al. (1997) included the use of depthpartitioned abundance and biomass metrics, using 5 cm as the division between surface
and subsurface habitats. In instances of low and depleted oxygen, subsurface benthic
organisms are the first be affected and the slowest to re-colonize (Holland et al. 1987).
The remaining metrics selected reflect the relative abundances of particular taxa and taxa
ratios. Barbour et al. (1996) hypothesized that relative abundances are more useful than
absolute abundances because they reflect “interactive principles.” Relative abundance
data can provide more information than absolute abundance data because, while
individual abundances may vary, assemblages in stable environments remain
proportionally constant (Barbour et al. 1996)

Tolerance Measures:
Included in the metrics selected by Weisberg et al. (1997) was the use of indicator
organism abundance and biomass. Both pollution-indicative and pollution-sensitive
species were measured. The relative abundance of the dominant taxon (or up to 5 taxa)
was suggested by Barbour et al. (1996) as a measure of redundancy equated with the
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dominance of a particular pollution-tolerant species or host of species. The
Orthocladinae, a chironomid sub-family, is thought to be relatively tolerant of pollution,
especially high concentrations of metals (Barbour et al. 1996, Barbour et al. 1997).
However, some Orthocladinae species have been listed as pollution-sensitive (Barbour et
al. 1996) and this may effect the metric precision. The number of Tanytarsini was also
utilized by Barbour et al. (1996) because they have been reported to respond negatively
to intermediate pollution loads (DeShon 1995). In his studies of organically enriched
lakes, Brinkhurst (1969) reported that the absence of Chironomus, a normally widespread
chironomid genera, was often associated with eutrophic conditions. Other Chironomini
species are cosmopolitan forms tolerant of a wide variety of conditions (Brinkhurst 1969,
Epler 1994). These abundance ratios were included in this study in the hope that they
would detect smaller changes within the benthic assemblages.
The use of a ratio comparing oligochaetes to chironomids was developed in the
1900’s by Kolkwitz and Marsson (1908) to measure the degree of organic (sewage)
pollution in European rivers (Cairns and Pratt 1993). In grossly polluted rivers
oligochaetes are known to outnumber the chironomids, a less tolerant taxon. Brinkhurst
(1969) noted that in eutrophic lakes the worm Limnodrilus hoffmeisteri is the most
common oligochaete, and he suggested that the proportion of oligochaetes to other forms
of life and the relative abundance of L. hoffmeisteri in relation to the total abundance of
oligochaetes may be a useful guide to the degree of organic pollution at a site.
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Trophic Measures:

Trophic processes can reflect such complex factors as trophic interactions,
production and availability of food sources (Karr et al. 1986, Cummings et al. 1989,
Barbour et al. 1996). Processes were also evaluated as relative abundances. Surface and
interface feeders (vs. deep deposit feeders) reflect bottom oxygen features similar to the
proposed depth partitioning metrics. The remainder of the trophic metrics reflect the
amount of specialization possible at each site. Generalists, species with broader dietary
ranges, are often more tolerant of disturbances and pollution which might alter food
availability (Barbour et al. 1996). Specialized feeders are more selective and should
respond earlier to such stresses (Barbour et al. 1996).
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Chapter 4:
MATERIALS AND METHODS

Station Selection
Twenty-eight tidal freshwater stations and sixteen oligohaline stations located in
the tributaries and upper reaches of Chesapeake Bay were chosen for this project
(Figure 1). A retrospective sampling strategy was employed during site selection to
maximize the quality of the data collected. Site classification, based on physico
chemical parameters of water quality (Table 2), was conducted prior to sampling.
Stations chosen consisted of equal numbers of sites that were classified as meeting our
criteria for “reference” and “degraded” sites. Classification utilized station information
collected in late summer over the course of the 1990-1993 USEPA EMAP monitoring
program conducted in Chesapeake Bay. Additional sites were selected when needed
from other Chesapeake Bay sampling programs.
Stations were reclassified upon receipt of new physicochemical data after
sampling. To ensure the resolution of the index, sites which fell into neither the reference
nor degraded classifications were labeled “intermediate” sites.

Data Collection
All samples were taken between August 27 and September 20, 1996. Restricting
the sampling window to a period with a stable benthic macroinvertebrate community

43

FIGURE 1:

Chesapeake Bay showing the locations of stations sampled. Tidal
freshwater stations are indicated by blue-filled circles ( • ) . Oligohaline
stations are indicated by red-filled triangles (A). Precise station locations
are listed in Appendix I.
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TABLE 2:

Criteria for designating reference and degraded sites. Criteria were
adapted from Weisberg et al. (1997). The Effects within Range Moderate
(ERM) value for a chemical is the median concentration above which
biological effects are observed frequently and the Effects within Range
Low (ERL) value for a chemical is the median concentration above which
biological effects are less frequent (Long et al. 1995). DO = dissolved
oxygen. TOC = total organic carbon.
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Site Designation

Criteria

REFERENCE
Sites meeting ALL o f the following criteria were classified as "reference."

known "good" location*
DO > 5 ppm
TOC < 2%
ERM = 0
ERL < 2
DEGRADED
Sites meeting ANY o f the following criteria were classified as "degraded."

DO < 2 ppm
ERM > 0
TOC > 10%
* Sites were eliminated if known to occur near known point-source discharges
(Weisberg et al. 1997).

minimized seasonal effects (Crumb 1977). The stations located in Virginia were sampled
by Old Dominion University (Norfolk, VA) and Maryland sites were sampled by
VERSAR (Columbia, MD).

Biological Data:
Three grab samples for the collection of biological data were taken at each station
2

using a 0.04m Young Grab. This grab, the standard benthic sampling gear used by
EMAP, was chosen to assure the compatibility of this data set with those of other
monitoring programs. Grabs considered acceptable had a minimum depth of 7 cm at
their center, an undisturbed surface, and displayed no evidence of washout. Of the three
replicate grabs, one was partitioned at a depth of 2 cm into a shallow and a deep
component. All samples were sieved through a 0.5 mm mesh screen and preserved in a
buffered 10% formalin solution containing rose bengal, a biological staining agent.

Physical/Chemical Data:
An additional grab was taken at each station. From this grab samples were
removed for assessment of sediment particle size, percent total organic carbon (TOC)
concentrations, and contaminant analysis. Approximately 50 ml of sediment from the
upper 2 cm of the grab were collected and placed on ice for the particle size assessment.
Organic and contaminant analyses required that samples from the top 2 cm be removed
using a Teflon spatula (rinsed in Alconox between stations), homogenized by stirring,
packed and stored on ice in the field. Samples were frozen upon return to the lab.
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Approximately 30 ml of sediment was retained for contaminant analysis, while 8 fluid
ounces were collected for the analysis of organic carbon. At the time of sampling,
measurements of bottom water conditions were also made, recording station depth (m),
dissolved oxygen (DO) (ppm), and salinity (psu).

Laboratory Work-up
Biological:
Due both to financial and time constraints only the depth partitioned biological
grab samples were selected for analysis. All biotic work-up was conducted at the
Virginia Institute of Marine Science. Samples were resieved on 0.5 mm mesh screens,
picked and sorted. Benthic macrofauna, defined as those organisms inhabiting the
sediments, debris, etc., at the bottom of aquatic habitats for at least part of their life cycle
that are those retained on a 0.5 mm mesh (note: the early life stages of some
macroinvertebrate species are smaller than this size designation) (Rosenberg and Resh
1993) were identified to the highest taxonomic resolution possible.
Identification of oligochaetes and chironomids required the use of destructive
slide mounting procedures. Chironomidae were mounted according to the larval slide
mounting technique described by Usinger (1956). Larvae were soaked overnight in a
10% potassium hydroxide solution to clear them, rinsed in water, placed ventral side up
in permanent mounting medium, and covered with a coverslip. Oligochaetes were slidemounted and cleared in Amman’s lactophenol solution. The mounting process for
oligochaetes is outlined in further detail in Brinkhurst (1986).
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Biomass (g dry weight) of all organisms except the slide-mounted individuals was
calculated but not used due to balance malfunction. As the oligochaetes and chironomids
were subjected to destructive mounting processes, direct biomass measures were
impossible. Standard width and length measurements were recorded for slide mounted
taxa The width of the 1Oth segment of the oligochaetes, and the total body length and
head capsule widths of the chironomids and other diptera were measured. These
measurements would then have been correlated with biomass estimates (Harig and Bain
1998).

Physical/Chemical Data:
The Benthic Ecology Laboratory at Old Dominion University performed the
sediment analyses. Silt/clay fractions were determined using an operating procedure for
particle size assessment modeled after the wet sieving and pipette analysis of Folk
(1974). The standard EPA operating procedures were followed for TOC combustion
analysis as well as for organic and metal contaminant concentration determination
(USEPA 1994). Sediment chemistry focused on a subset of the EPA Contaminants of
Concern list compiled from the EMAP list of contaminants found to exceed Long and
Morgan’s Effects within Range Medium (ERM) levels (Long et al. 1995) at tidal
freshwater and oligohaline sites monitored between 1990 - 1993 in Chesapeake Bay
(Table 3).
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TABLE 3:

Target contaminants reported as the number of exceedences of ERL and
ERM levels at 90 EMAP Chesapeake Bay Stations < 5 psu, from 1990 1993 (Ranasinghe unpub.). ERM = Effects within Range Moderate. ERL
= Effects within Range Low (Long et al. 1995).

49

Contaminant
Nickel
Silver
Mercury
Zinc
Lead
Total DDT
Total PCBs
p,p, DDE
Flourene
Copper
Total High Molecular
Weight PAHs
Acenaphthalene
Arsenic
2-Methylnapthalene
Total Low Molecular
Weight PAHs
Phenanthrene
Chromium
Total PAHs

No. > ERL No. > ERM
49
5
21
30
20
37
21
21
38
33

12
4
3
2
2
1
1
1
0
0

24
21
21
18

0
0
0
0

18
14
11
10

0
0
0
0

Metric Calculation
The data set’s validity was evaluated prior to the appraisal of metrics. As the
classification of the data sets occurred prior to sampling (reference and degraded
classifications), a demonstration of statistically significant differences in the biological
data between site classifications was required (Clarke and Warwick 1994). The MannWhitney U-test was used to test for differences in the mean values for each candidate
metric at reference and all other sites (Weisberg et al. 1997). As abundance metrics have
variable results depending on the severity of the stress at the disturbed sites, distributions
were compared using a Kolmogorov-Smirnov goodness of fit test for continuous data
(Zar 1996, Weisberg et al. 1997) Ambient measures of DO and salinity made at the time
of sampling were utilized, along with the results of the sediment and contaminant
analyses, in evaluating the data set.
Metrics were tested and selected separately for both salinity zones. Thresholds
for the metrics were based on the reference sites distribution of values for each metric.
The procedure for scoring the metrics was based on Karr et al. (1996) and Weisberg et al.
(1997). Scoring each metric depended on whether its value at a site approximates (score
of 5), deviates slightly (score of 3) or deviates greatly (score of 1) from the reference site
conditions (Karr et al. 1986). For most metrics, threshold values were delineated at the
5th and 50th (median) percentile values of the reference sites (Weisberg et al. 1997).
Values above the 50th percentile were scored as 5, values between the 5th and 50th
percentiles were scored as 3, and values below the 5th percentile were scored as 1
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(Weisberg et al. 1997). However, depending on the degree of stress, biomass and
abundance may respond bimodally to disturbance. Intermediate stresses may cause both
exceptionally high and low community responses (Barbour et al. 1996). Threshold
scoring was modified from Weisberg et al. (1997) to reflect this variation. Scores
exceeding the 95th percentile and scores below the 5th percentile are scored as 1. Values
between the 5th and 25th percentiles and between the 75th and 95th percentile are scored
as 3. All other values are scored as 5. Score are summed and averaged at each site with
sites earning an average score between 5 and 3 considered stressed and those with scores
of 3 or less considered degraded.

Community Structure
Dominance Rank Analysis:
Relative abundance (percent abundance) of a taxa was used to express its
structural (not functional) dominance in the benthic assemblages. To calculate
dominance, species at each site were ranked and the five most abundant taxa at each
station were scored on a scale of 5-1 in order of decreasing abundance (Ristich et al.
1977).

Species Diversity Measures:
Species diversity, a function of the number of species present and the evenness
with which individuals are distributed among the species, is a parameter often correlated
with water quality by biological surveys. The most commonly used index of species
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diversity is the Shannon-Wiener diversity index which expresses diversity as the amount
of uncertainty in predicting the specific identification of a randomly chosen individual
from a multi-species assemblage. This index is calculated as:
k
H - - I p j log2 p i
i= l

where k represents the number of categories, and p j is the proportion of observations
found in category i (Zar 1996). Although the Shannon-Wiener diversity index is
criticized, it is known to underestimate diversity as bias increases with decreasing sample
size, this measure is still widely used to calculate species diversity (Clarke and Warwick
1994, Zar 1996).

Numerical Classification:
Classification involves the ordering of entities into groups on the basis of the
relationships between their attributes (Boesch 1977, Clarke and Warwick 1994). Cluster
analyses were performed to investigate the relationships between stations and between
species. Using this clustering technique similarity indices were computed based on the
species composition of these stations and the distribution patterns of the species over a
series of stations. Communities are graphically represented in a dendrogram depicting
the interrelationships of the samples in hierarchical groups on the basis of the patterns of
resemblance (Boesch 1977, Diaz 1989, Clarke and Warwick 1994). Both “normal”
analyses, depicting the relationships between stations, and “inverse” analyses, depicting
the relationships between species or taxa, were run. Analyses were performed using a
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combinational polythetic agglomorative hierarchical clustering program COMPAH(96)
<http://www.es.umb.edu/edgwebp.htm> developed by D. Boesch and adapted by E. D.
Gallagher.
The Bray-Curtis similarity coefficient (Clifford and Stephenson 1975), a widely
used quantitative ecological measure (Boesch 1977, Clarke and Warwick 1994), was
selected to maximally utilize the collection data used to discern both station and species
clusters (Diaz 1989). Discrepancies between large and small abundance values affects
the computation of resemblance measures (Boesch 1977, Clarke and Warwick 1994), so
this similarity index was calculated with log transformed data (Y = loge (X+l)). This
reduces the sensitivity of the index to numerically dominant species (Diaz 1989). In
addition, because rare species often have single-occurrences and may be distributed
arbitrarily across sites, they can confound and disrupt patterns in the matrix of the BrayCurtis coefficient (Clarke and Warwick 1994). To avoid this, rare single-occurrence
species were dropped from the analysis.

Nodal Analysis:
To assist in the identification of misclassifications as well as aid in the ecological
interpretation of dendrograms (Boesch 1977), post-clustering analysis was conducted on
the results of the numerical classifications. Normal-inverse coincidences were examined
in a two-way table of species groups by site groups. Nodal constancy and nodal fidelity,
expressions of the degree of collection group and species group coincidence, were also
performed on two-way tables of species and station groups.
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Nodal constancy is expressed as:
Cy = ay / (njnj)
(where ay is the actual number of occurrences of members of the species group i in
station group j, and nj and nj are the number of species and stations, respectively, in the
groups i and j (Boesch 1977)). It is a measure of the number of occurrences of species
within a group, at sites within a station cluster.
Nodal fidelity, an indication of the degree to which species prefer, or are limited
to, sites (Boesch 1977), is algebraically expressed as:
F ij =

( a ij £

nj) / (n , Z

j

a jj).

J

Fidelity is an expression of the constancy of species in a station group compared to the
constancy over all stations.
It is important to note that neither cluster analysis nor the above nodal analyses
represent a statistical testing framework. Rather, they are both exploratory analyses,
facilitating the development of ecological hypothesis about species and station
relationships and community structure (Boesch 1977, Clarke and Warwick 1994).
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Chapter 5:
RESULTS

Evaluation of Candidate BIBI Metrics
Station Classification:
Ten of the 47 sites sampled (five oligohaline and five tidal freshwater) met the
station classification criteria as reference sites for development of the BIBI. In addition,
15 stations (eight oligohaline and seven tidal freshwater) qualified as degraded sites. The
remaining 23 stations ranked in-between the two classifications and were labeled
“intermediate” sites (Figure 2). Three of the 15 degraded sites were located in Virginia,
while Maryland contained three of the ten reference sites. Intermediate sites were
distributed among these two areas.
Stations classified as degraded reflected the presence of at least one contaminant
concentration exceeding Long and Morgan’s (1991) Effects Range Medium (ERM)
levels (in Long et al. 1995). No sites were found to have either dissolved oxygen levels
(DO) or total percent organic carbon (TOC) measures which would have designated them
as degraded sites. Only four stations (those in the Mattaponni and Pamunkey Rivers) had
DO levels below that required for consideration as a reference habitat. Although the 22
intermediate sites (the largest category in each habitat region) consisted primarily of
stations with intermediate levels of nutrient loading, 40% of these sites were also
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FIGURE 2:

Chesapeake Bay showing the locations and reclassification of stations
sampled. Intermediate stations are indicated by blue-filled circles ( • ) .
Reference stations are indicated by green-filled triangles (A ). Degraded
stations indicated by red-filled squares (■). Precise station locations are
listed in Appendix I.
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characterized by the presence of more than two contaminants with concentrations
exceeding Long and Morgan’s (1991) effects range low (ERL) levels.

Metric calculation:
Evaluation of 26 candidate metrics failed to reject the null hypothesis of no
difference between reference and all other sites for all but three metrics. These three
metrics; number of Crustacean plus Molluscan taxa, abundance of Crustacean plus
Molluscan taxa and number of pollution-indicative taxa (Table 4), differed significantly
(p<0.05) in mean and/or in distribution between reference sites and all other sites
sampled for at least one region. Only one metric, relative abundance of crustacean and
molluscan taxa, differed in both habitats. In the oligohaline regions this was also the only
metric found to have a significantly different distribution of means. Four of the 30
original metrics could not be evaluated as planned. These four metrics, all biomass
measures, were excluded from analysis because of measurement errors in the biomass
data.
Due to the paucity of candidate metrics which qualified for inclusion in a biotic
index, BIBI scores were not calculated for the degraded sites. Two of the three metrics
(number and abundance of Crustacean plus Molluscan taxa) available for use at
oligohaline stations were redundant because they were based on the same taxa grouping.
With only two valid metrics left, calculating BIBI scores would have over-weighted
individual properties of the assemblages resulting in lower power for the index.
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TABLE 4:

Summary of metrics with significant differences (p<0.05) between
reference and all other sites (degraded and intermediate). The MannWhitney U-test was used to test for differences in the mean values for
each candidate metric. Distributions were compared using a KolmogorovSmimov goodness of fit test for continuous data.
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Region

Candidate Metric

KolmogorovMann-Whitney
Smirnov

OLIGOHALINE
No. Crustacean + Molluscan taxa
% Crustacean + Molluscan Taxa
No. Pollution Indicative taxa

0.014
0.007
0.013

>0.05
0.049
>0.05

TIDAL FRESHWATER
% Crustacean + Molluscan Taxa

0.013

>0.05

Community Structure
Faunal Composition and Species Distribution:

Sixty taxa, of which 30 were identified to species, were collected from tidal
freshwater and oligohaline regions of Chesapeake Bay sampled during the late summer
(Table 5). Of these 60 taxa, 53 were present in the tidal freshwater samples, 43 were
represented at the oligohaline sites and 36 taxa were found in both zones.
Chironomids and oligochaetes, taxa considered characteristic of tidal freshwater
systems, comprised the majority of the taxa (12 of 17) not found in the oligohaline
region. Seven taxa representing a variety of classes were found exclusively at the
oligohaline stations; these included the unknown naid oligochaetes at a station on
Bohemia River.
Individual species abundance per station ranged from 23 to 24386 organisms per
m2. Twelve of the 60 taxa occurred at only one station and were thus classified as “rare”.
Only one station (located in the oligohaline portion of the Upper Chesapeake) contained a
single individual, a larval Bezzia (Diptera).

Species Diversity:
There were no significant differences in means or distribution of Shannon-Wiener
species diversity between oligohaline and tidal freshwater, or between reference,
degraded and intermediate sites in those salinity zones were found (Figure 3). Species
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TABLE 5:

Location, abundance status, life history strategy and pollution status of
taxa found at the 47 stations sampled in the tidal freshwater and
oligohaline regions of Chesapeake Bay. NP = not present, Rare = present
at only one station, (in two parts)
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T axa

Tidal
F re sh w ater

O ligohaline

A bundance
S tatu s

Life H istory
S tra te g y

Pollution
Status

ARTHROPODA: CRUSTACEA
AM PH IPODA
Am phipod sp 1.
Corophium lacustre
Gammarus daiberi
Leptecheirus plum ularis
M elila nilida
ISOPODA
Cassidinidea lunijrons
Chiridotea almyra
Cyathura polita

Opportunistic
Opportunistic
NP
NP

Rare
Sensitive

Edotea triloba
DECAPODA
Rithropanopeus harrisii
ARTHROPODA: INSECT A
DIPTERA
B ezzia spp.
Chaoborus punctipennis
CHIRONOM IDAE
Tanypodinidae
Clinotanypus spp.
Coelotanypus spp.
Tanypus spp.
O rthocladiinae
Chironomini
A xarus spp.
Chironomus spp.
Cladopelma spp.
Cryptochironom us spp.
D icrotendipes spp.
Glyptotendipes spp.
Parachironomus spp.
Paracladopelm a spp.
P haenopsectra spp.
Polypedilum spp.

NP
NP

Rare

NP
NP

Indicative

Opportunistic

Indicative

Opportunistic

Indicative

Opportunistic

Indicative

Opportunistic

Indicative

Indicative

Rare

NP
NP
NP

Rare

NP

Rare

NP

Rare

Procladius spp.
Rheotanytarsus spp.
Tanytarsini

Opportunistic
Opportunistic

NP

Tanytarsus spp.
fro m R a n a s in g h e
d a l.

(1 9 9 3 )

fro m W e is b e r g
d a l.

(1 9 9 7 )

TABLE 5 concluded.
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Taxa

Tidal
Freshwater

Oligohaline

Abundance
Status

Life H istory
Strategy

ANNELIDA: POLYCHAETA
Heteromastus filiform is

Opportunistic

Hobsonia flo rid a
M arenezelleria viridis
Neanthes succina

O pportunistic

Laeonereis culveri
Polydora cornuta
ANNELIDA: OLIGOCHAETA

Pollution
Status

Sensitive
Rare

NP
NP

Opportunistic

Aulodrilus pigueti

Opportunistic

Indicative

D ero digitata
Ilyodrilus tempeltoni
Isochaetides fre y i
immature w/o chaetae
Limnodrilus cervix
Limnodrilus claparedianus
Limnodrilus hoffmeisteri
Lim nodrilus udekemianus
Naid sp. 1
Q uistadrilus m ultisetosus
Tubificoides heterochaetus
MOLL! ISC A: BIVALVTA

Opportunistic

NP
NP
NP

Indicative
Indicative

Indicative

NP

Corbicula flum enia
M acoma m itchelli
M ytilopsis leucophaeta
Rangia cunneata

Rare

Opportunistic
Opportunistic
Opportunistic
Opportunistic
Opportunistic

NP

Opportunistic
Opportunistic

NP

Opportunistic

Indicative

Rare

NP

Sensitive

Sphaeridae
Unionidae
M OLLIJSCA: GASTROPODA
A m nicola spp.
Hydrobiidae
Gyralulus spp.

NP

Rare

NP

Rare

NP

Rare

Odostom ia spp.
Total Taxa = 60
33 identified to species
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from Ranasinghe
e ta l.

(1 9 9 3 )

from Weisberg
cl u i

(1 9 9 7 )

diversity (FF) (Log2) ranged from 0 to 3.6 with a mean of 2.2. Mean richness was 1.4,
and mean evenness 0.7.

Cluster Analysis
The hierarchical clustering of stations and specie s from the normal and inverse
analyses are presented in Figures 4a and 4b, (see clustering codes in Tables 6a and 6b).
Twelve taxa representing the rare species were dropped from the analyses (Table 5). The
following are the hypotheses and patterns generated from the cluster and nodal analyses
performed.

Normal analysis:
Cluster analysis of collections from each station produced two primary sub
clusters of stations (Figure 4a). This division of stations did not conform to the Venice
system salinity regimes used to delineate the tidal freshwater and oligohaline stations.
All but one of the 16 stations making up the smaller of the two primary sub-clusters (I-b)
were sites from the tidal freshwater regions of Chesapeake Bay. The larger station sub
cluster (I-a) consisted of both oligohaline and tidal freshwater stations.
The primarily tidal freshwater sub-cluster (I-b) contained 15 tidal freshwater
stations (mostly of intermediate classification), all with salinities of 0.1 psu, and one
oligohaline station (0-12) in Bohemia River with a bottom salinity of 1.5 psu. These 16
stations cluster into four groups. The clusters do not appear to reflect similarities based
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FIGURE 3:

Shannon-Wiener Diversity (FE) Index (Log2) plotted by station location
and classification.
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FIGURE 4a:

Station clusters from a normal analysis of macrobenthic data from tidal
freshwater and oligohaline regions of Chesapeake Bay. Analysis
performed using flexible sorting, log transformed abundance data and
Bray-Curtis similarity coefficient. See Table 6a and results for
explanation of cluster codes.
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FIGURE 4b:

Species clusters from an inverse analysis of distribution patterns of
macrobenthic data from tidal freshwater and oligohaline regions of
Chesapeake Bay. Analysis performed using flexible sorting, log
transformed abundance data and Bray-Curtis similarity coefficient. See
Table 6b and results for explanation of cluster codes.

65

A

B

C

1-a

D
E
F
G

H

J
1 -b

K
L

0

0.78

Similarity

.

8

TABLE 6a:

Interpretation o f station clusters in Figure 4a resulting from normal
analysis.
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Station Group Station Identificatio

Station

Station Group Station Identificatioi

C lassification

1

2

3

4

5

OLIG 1
O LIG 2
OLIG 3
OLIG 6
OLIG 7

I
R
R
I
I

OLIG 4
TFW 10
OLIG 5
TFW 2

R
R
R
R

OLIG 8
OLIG 10
OLIG 9
TFW 14

I
I
D
I

OLIG 15
TFW 11
OLIG 16
TFW 27

I
I
D
R

OLIG 11
OLIG 18
TFW 12

R
D
I

10

11

12

(12a)
13

OLIG 12
TFW 13
TFW 5

D

TFW 15
TFW 17
TFW 19

I

TFW
TFW
TFW
TFW
TFW

3
16
4
24
21

TFW
TFW
TFW
TFW
TFW

8
22
20
18
25

O L IG = O ligohaline
T F W = T idal F reshw ater

6

OLIG 19
TFW 1
TFW 28

I
I
D

7

OLIG 14
OLIG 20

D
I

8

OLIG 13
OLIG 17
TFW 26
TFW 7

D
D
D
R

9

TFW 6
TFW 23

D
D

Station
C lassification

R = R eference
I = Interm ediate
D = D egraded

I
D

I
I

I
I
I
I
I

I
I
D
R
D

TABLE 6b:

Interpretation o f species clusters in Figure 4b resulting from inverse
analysis.
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Species Group Species/Taxa Name
A

B

C

D

Aulodrilus pigueti

Species Group Species/Taxa Name
O

G

Am phipoda sp.

O

M acoma m itchelli

B

Chironomus spp.

Ch

Melita nitida

A

Neanthes succina

P

Corophium lacustre

A

Imm ature w ithout chaetae

O

Lim nodrilus hoffimeisteri

O

Corbicula flum enia

B

H

Cyathura polita

I

Ch

Gammarus daiheri

A

Cryptochironomus spp.

Ch

M arenzelleria viridis

P

Polypedilum spp.

Ch

Hydrobiidae

B

Tanytarsus spp.

Ch

Rangia cuneata

B

Axarus spp.

I

Chaoborus punctipennis

D

Paracladopelma spp.

Ch

Leptocheirus plum ulosus

A

Sphaeridae

B

Tuhificoides heterochaetus

O

Clinotanypus spp.

Ch

Coelotanypus spp.

Ch

Procladius spp.

Ch

Bezzia spp.

D

J

Heteromastus Jiliformis

Edotea triloba
Hobsonia florida

I
P
P

Rithropanopeus harrisii

Cr

Dero digituta

O

Isochaetides frey i

O

Cladopelma spp.

Ch

Odostomia spp.

G

Tanypus spp.

Ch

Chironomini

Ch

Glypotendipes spp.

Ch

K

L

F

P

Polydora cornuta

Chiridotea almyra
Tanytarsini

E

A

llyodrilus tempeltoni

Lim nodrilus claparedianus

O

Lim nodrilus udekemianus

O

Quistadrilus multisetosus

O

Rheotanytarsus spp.
Tanypodinae

A = Amphipod

D = D iptera (non-chironomid)

B = Bivalve

G = Gastropod

Ch = Chironomid

I = Isopod

Cr = Crab

O = Oligochaete
P = Polychaete

I
Ch

Ch
Ch

on location in the same river or in relative location within a salinity regime. Most of
these stations are characterized by moderate organic loading over a range of sediment
types at very low-salinity.
Although the abiotic factors controlling the species distribution at these sites are
not readily apparent from the analyses, there are observable patterns in species
distribution. Station groups 10 and 13 appear to be less advantageous versions of groups
11 and 12, respectively. Both groups contain similar faunal groups but at lower
abundances. This may be due to more stressful conditions at stations 10 and 13. Group
10 contained two stations with contaminant concentrations exceeding the effects range
medium (ERM), and the third station had a DO level below that delineating reference
stations. Similarly, group 13 was composed of two stations with contaminant levels
exceeding ERM levels and one with low percent organic carbon. Station T-21, originally
included in group 12, was eliminated from this group and reallocated to its own group
(12b in Figure 4a). Due to the conspicuous lack of species group E, likely resulting from
its low TOC, this station has more in common with the other groups in this sub-cluster.
Reconsideration of the normal analysis dendrogram supported reallocation from group
12 .

The distinct salinity difference between station 0-12 and the other stations in sub
cluster I-b is most likely evidence of misclassification. There is a conspicuous lack of
euryhaline surface fauna at this site which may be driving the inclusion of this station in
sub-cluster I-b. The dominant species at this low abundance site, species groups A and
C, are eurytopic with numerous occurrences throughout all of the station groups.
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The larger primary sub-cluster (I-a) is composed of nine groups in two smaller
secondary sub-clusters (ITa, Il-b). The break between Il-a and Il-b depicts the absence of
species groups I, J, K, and L (groups characterized by taxa displaying sporadic, lowcount occurrences) at stations in Il-b. It also reflects a split between stations generally
classified as degraded (groups 5-9, most with ERM exceedences or multiple ELM
exceedences) and a mix of mostly reference and intermediate station groups in Il-a. Both
of these secondary sub-clusters are characterized by a wide range of salinities, DO, TOC
and sediment types.
Within Il-a, the larger of the two sub-clusters, there are several physically distinct
station groups. Group 2 is characterized by freshwater salinities, high sand content and
TOC levels below 1%, all of which were categorized for the BIBI development as tidal
freshwater and oligohaline reference sites. Group 3 is made up entirely of four stations
from the Rappahannock with extremely high silt/clay content (greater than 95%) and
moderate organic enrichment. Groups 1 and 4 are distinguished by relatively low and
moderately high TOC levels, respectively, and have faunal assemblages more similar to
groups 2 and 3, respectively
Sub-cluster Il-b seems to represents a variety of degraded sites, characterized by
the absence of species groups (G, I, J, K, and L) rather than patterns of species
dominance. Little can be hypothesized about group 7. The relationship between 7 and 8
is due solely to the lack of species occurrences at both sites. Group 8 displays shared
assemblage dominance by two species groups (A and H), each represented at all sites by
only one species each, immature oligochaetes lacking chaetae and the polychaete
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Marenzelleria viridis, respectively. Station group 6 has a similar yet even more speciespoor pattern. Group 8, consisting of degraded, low TOC sites, is dominated by species
group B, with a less abundant representation of species group A and Tubificoides
heterochaetus from group I. Inclusion of tidal freshwater 7 in this station group is likely
a misclassification due to abundance of T. heterochaetus rather than the low-abundance
of species groups A and B, sandy substrate and low contaminant levels that distinguish it.

Inverse Analysis:
The cluster analysis performed on the taxa resulted in two broad groupings of
species (Figure 4b). Species sub-cluster 1-a consists of groups A-F loosely chained
together in the dendrogram, indicative of weak associations between groups. The second,
1-b, is made up of species groups G-L. Analysis of species cluster was assisted by the
nodal analyses (Figures 5a and 5b), which allowed for further qualitative evaluation of
species patterns and development of distribution hypotheses. Results of the nodal
analyses, adjusted for station reallocations suggested after the evaluation of the normal
analysis, made it possible to focus on the dominance, distribution and possible affinities
of species groups.
Species group A is composed of widely distributed, opportunistic euryhaline
species. The four oligochaete taxa, Aulodrilus pigueti, Ilyodrilus templetoni, immature
oligochaetes (likely all Limnodrilus spp. without cheatae) along with the widely
distributed chironomid, Chironomus spp,. and the Asian clam Corbicula flumenia, are
some of the most dominant taxa. As a group they have the highest level of constancy of
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FIGURE 5a:

Nodal constancy of species groups in station groups from an analysis of
distribution patterns of macrobenthos from tidal freshwater and
oligohaline regions of Chesapeake Bay.
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FIGURE 5b:

Nodal fidelity of species groups in station groups from an analysis of
distribution patterns of macrobenthos from tidal freshwater and
oligohaline regions of Chesapeake Bay.
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all the species groups. The fidelity calculations indicate that this ubiquitous species
group has only a moderate affinity for the conditions at station group 12 where it is most
dominant and low to no affinity for the other station groups where it is distributed. This
strategy conforms with the species’ opportunistic life histories and their reputations as
pollution-tolerant species. These species are widely distributed, occurring over a range of
salinities and sediment types, and have been used as pollution-indicative taxa in
monitoring both freshwater and estuarine systems.
Species sub-group B, made up of four chironomid taxa (Axarus spp.,
Cryptochironomus spp. Polypedilum spp., Tanytarsus spp.), had a distribution most
similar to group A, although it differed greatly in abundance and fidelity. At the station
groupings of sub-cluster I-b where species group A was dominant, the chironomids of
group B were distributed at high to moderate constancy but at low numbers. This group
appeared to show a preference for stations with low organic carbon concentrations and
moderate silt/clay content (station groups 8 and 2). Nodal analyses showed moderate
fidelity at sandy tidal freshwater sites with low TOC levels (as at station group 9). This
seems to reflect the lack of both opportunistic and widely dominant species making up
this species group.
Species group C consisted of more opportunistic chironomids (Paracladopelma
spp. Clinotanypus spp., Coelotanypus spp. and Procladius spp.) and another diptera
(Chaoboruspunctipennis) than group B, as well as sphaerid clams, and was dominant in
the tidal freshwater station sub-cluster along with group A. It too is an ubiquitous,
euryhaline group although it is composed of fewer opportunistic species than group A.
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This group occurred in a similar pattern to sub-group A although at lower abundances, at
station groups 10 and 14 relative to groups 11 and 12). However, at the sub-cluster I-a
this group, although ubiquitous, deviated from the pattern of species group A. It was
notably dominant at station group 3, the high silt Rappahannock River cluster. Patterns
apparent in the nodal analyses follow the general constancy and fidelity patterns of
opportunistic species. These analyses seem to indicate that these species have a wide
distribution and do well at both moderate to high silt/clay levels and moderate organic
carbon enrichment.
Species groups D, E and F seem to reflect a much more restricted range than the
previous species clusters, existing primarily at the tidal freshwater sites in sub-cluster I-b.
Group D was made up of a diptera larvae Bezzia sp. and two oligochaetes (Isochaetides
freyi and Dero digitata). Group E consisted of three chironomid genera ( Cladopelma
spp., Tanypus spp. and Glypotendipes spp.). All 6 taxa appeared scattered across these
tidal freshwater sites, and had both the greatest abundance at and a high preference for
station group 11. Isochaetides freyi (in group E) is the only opportunistic species in these
two clusters, and its distribution does appear to reflect this. The three oligochaete species
making up group E Limnodrilus claparedianus, Limnodrilus udekemianus and
Quistadrilus multisetosus, were most abundant at station 12 and had a lower abundance at
station cluster 13. Unlike groups D and E they registered only one occurrence in groups
10 and 11 and their distribution may be positively correlated with moderate organic
carbon levels, as evidenced by their absence at the low TOC levels of station T-15, and
negatively related to contaminant levels. Neither group had multiple occurrences in the
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other tidal freshwater sites. This was unexpected as all three species are opportunistic
species. However the patterns of both distribution and fidelity do not reflect this life
history.
Sub-cluster 1-b showed the reverse of this distribution pattern. Species groups in
this cluster were primarily dominant at the reference sites, with distributions overlapping
into the intermediate and degraded sites. The sub-cluster was characterized by scattered,
low abundances in station cluster I-b, and by a mixture of surface fauna along with in
fauna. Species groups H and I dominate this sub-cluster. Group H is the most dominant
taxa group at the low-salinity, high silt Rappahanock stations in group 3. It consisting of
six taxa; Corophium lacustre, Cyathura polita, Gammaruns daiberi, Marenezelleria
viridis, Hydrobiidae’ and Rangia cunneata. Species group G is also abundant at station
groups 1 and 3, as well as at groups 4 and 5 but with decreasing constancy and fidelity,
seemingly dominated by the occurrence of the polychaete M. viridis, which occurs at a
higher abundance at groups 5 and 6 (stations which represent very different contaminant
levels, substrates, TOC levels, and DO levels). The taxa in group H demonstrate wide
distribution patterns and dominance similar to those found in group A. However, unlike
A, group H is not made up of opportunistic fauna, and this can been in the high fidelity
for station group 3.
Group I was also a dominant taxa group closely resembling the fauna of group H.
Made up of three opportunistic species (the polychaete Heteromastus filiformis, an
amphipod Leptocheirus plumulosus and an oligochaete, T. heterochaetus), this group
demonstrated the highest abundance along with moderate constancy and fidelity at station
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group 1. This may reflect the fact that group 1 consists of stations which are possibly
located in transition areas between tidal freshwater and oligohaline zones. Group I also
showed a reduced occurrence but moderate fidelity at station group 3. This species
pattern again reflects that characteristic of opportunistic taxa.
Groups J, K and L are characterized by low abundance, scattered occurrences and
areas of higher abundance which were restricted to individual stations. None of these
taxa are opportunistic, and all three groups display high station fidelity at groups 4, 2, and
10-11. Group K is an odd assortment of taxa consisting of two chironomid taxa only
identified to sub-family and two marine derived taxa.
Overall, station and species patterns were not clearly related to either species life
history traits or sediment preferences. While some species groups appeared to follow
distribution patterns characteristic of opportunistic taxa, it was subtle differences in
abundance and distribution that were major factors in group formation.
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Chapter 6:

DISCUSSION

Evaluation of Index Development
Hypotheses about how benthic assemblages in tidal freshwater and oligohaline
reaches of Chesapeake Bay respond to habitat degradation were tested. An attempt was
made to integrate these responses into a single value to allow managers to quantitatively
assess the condition of Chesapeake Bay and measure the progress of restoration attempts
(Weisberg et al 1997). Development of this Benthic Index of Biotic Integrity (BIBI) was
based on the procedure developed by Karr et al (1996) and on modifications made by
Weisberg et al (1997) in an earlier stage of this project. Additional metrics were
developed in an attempt to better characterize the unique assemblages present in these
low-salinity regions.
The basic tenet of Karr’s IBI required that the foundation of such a multimetric
index be grounded in established ecological principles, instead of developing new ones.
Therefore, Weisberg et al (1997) based their development of the initial Chesapeake Bay
BIBI upon established principles of benthic ecology. These principles are largely
founded on the benthic assemblage paradigm developed by Pearson and Rosenberg
(1978) which states that benthic assemblages respond in progressive stages to changes in
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habitat quality. Starting from a severely degraded site, increasing habitat quality should
first result in an increase in abundance, then an increase in species diversity, and lastly a
switch in the dominant taxa at a site from pollution-tolerant to pollution-sensitive. In the
lower salinity habitats evaluated by Weisberg etal. (1997), however, these assumptions
resulted in only a poor level of classification efficiency.
Several attempts were made to enhance the efficiency of the candidate metrics for
this reevaluation of tidal freshwater and oligohaline sites. The use of historical data in
the development of the initial BIBI reflected a limited number of appropriate sites in the
lower salinity regions. A retrospective sampling survey was used to pick stations, in the
hopes that this would provide a greater number of appropriately classified sites for
evaluation. However, this did not work out as planned, and provided only a minimal
number of reference and degraded sites; this was likely due to the constantly changing
conditions of the benthos. Additionally, the original metrics utilized by Weisberg et
al. (1997) were supplemented with candidate metrics from non-estuarine regions with
similar benthic communities to reflect better the dominance of tidal freshwater systems
by oligochaetes and insect larvae (instead of bivalves, polychaetes and crustaceans in
higher salinity communities).
Despite these changes in the development of the candidate metrics, the list
contained only three measures which were found to differ in mean and/or distribution
between the reference sites and all others (Table 4). This may reflect the continued
paucity of reference and degraded sites for use in the calculation. In addition, lack of
replication in the biotic data allowed for considerable noise contributed by the large
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variation in abundances. It is also possible that the supplemental metrics still do not
accurately portray the changes in the community, but it is more likely that the problem
lies in a fundamental incompatibility between oligohaline and tidal freshwater habitats
and Pearson and Rosenberg’s (1978) benthic community paradigm.
Pearson and Rosenberg’s (1978) paradigm was based on studies of organic
enrichment conducted in high-salinity habitats and thus does not include responses in
low-salinity regions or response of benthos to other forms of habitat disturbance (i.e.
toxics, physical, etc.). Tidal freshwater and oligohaline habitats are naturally
characterized by two of the three assemblage responses to habitat degradation as
proposed by Pearson and Rosenberg (1978). They are typified by low species diversity
and dominated by a few species which are considered both broadly tolerant of pollutants
and physical stress. One reviewer of IBIs noted that “empirically derived biotic indices
assume that polluted sites or systems generally contain fewer species than unimpacted
ones, and that species will tend to be removed selectively along a pollution gradient
according to their susceptibility,” (Johnson et al. 1987). This is just a rewording of
Pearson and Rosenberg’s (1978) paradigm, which again does not hold true in tidal
freshwater regions because it would classify all sites as degraded. The level of physical
disturbance may also influence community structure giving the appearance of pollutioninduced stress (Rhoads and Germano 1986).
Both oligohaline and tidal freshwater zones reflect unique transition points
between estuarine and non-tidal freshwater regions, in which species assemblages retain
few characteristics of either extreme. The species distribution among these habitat zones
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found in this study mirrors that found by Diaz (1977) in the James River estuary (Figure
6). This closely follows the distribution pattern found by Diaz (1977) and, thus, by
reflecting a lag in the increase in fresh water spp until non-tidal freshwater zone, deviates
slightly from in Remane’s (1934) concept of species response to salinity gradients. This
is most likely the result of several factors which contribute to the stresses of living in
these habitats: silt loads contribute to low habitat diversity; fluctuating water flow (i.e.
drought and flood conditions) causes varying salinities during the year with fresh water
and estuarine species gradually moving in and out of salinity ranges. On either side of
these two zones along the salinity gradient investigations have found much greater
degrees of species diversity (Boesch 1973, Kirk 1974). This is similar to the poor-fit to
the Venice salinity system found for fish in estuaries by Bulger et al. (1993).
Another factor confounding the validity of the metrics in this study was the fact
that the degraded sites were all considered degraded based on contaminant levels rather
than hypoxia or organic loading. The response of these communities to low oxygen or
toxics is not well quantified. In addition these communities may require more intense
stress before the traditional community pollution response is seen. In general, the
development of indices for estuarine benthos will be complicated by the lack of
information available on the life histories and pollution sensitivities of most species. A
basic lack of knowledge of benthic ecology and benthic assemblages can complicate data
interpretation and often preclude the use of life-history variables in effective biological
monitoring studies (Johnson et al. 1993). This situation is amplified in tidal freshwater
and oligohaline habitats which are the least studied of all the estuarine habitats. No sites
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FIGURE 6:

Number of species in the James River broken down by salinity region.
Historical data (solid bars) for the polyhaline zones from Boesch (1973),
non-tidal zones from Kirk (1974), remainder from Diaz (1977). Striped
bars represent data collected by this project. Dashed line indicates trend.
Figure modified from Diaz (1977).
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Number of Taxa

Salinity Zones of the James River
Data sources:
□

I: B oesch 1973
II: D iaz 1977
III: Kirk 1974
BIBI

were found to have either DO or TOC measures which would have qualified them as
degraded sites. It is likely that tidal freshwater sites are more organically enriched and
that most of the Intermediate sites could actually be considered “enriched reference”
sites. Setting the reference TOC levels at 2% for reference sites may have excluded
many naturally enriched sites. TOC maybe a poor measure of available carbon in tidal
freshwater and oligohaline systems because of high refractory detritus loads delivered by
rivers to these regions.
Weisberg et al. ’s (1997) tests of the initial BIBI showed that the metrics were
most effective (95%) at identifying hypoxic conditions, less effective (90%) at
identifying reduced biological integrity in the presence of contaminants, and worst (70%)
at identifying responses to organic enrichment. The changes in benthic assemblages in
response to detrimental organic enrichment may have occurred at levels too low for the
chosen metrics to detect. Although this project incorporated many specific metrics, many
of these measures (e.g. the chironomid and oligochaete metrics that required laborious
identification processes) were too complex for a simple evaluation and comparison of
biological integrity conditions. Similarly, Guhl (1987) has criticized the failure of scores
to account for differences in tolerance within taxa as broad as families.
In addition, the inclusion of a cutoff point for ERL classifications may also have
diminished the pool of reference sites available for the metric calculation. The
insufficient resolution in the oligochaete measures may have to do with their lack of
sensitivity to toxicity levels. Johnson et al. (1993) states that oligochaete reproduction is
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the most sensitive measure of sediment toxicity, and that oligochaete survival, except at
unusually high toxin concentrations, was a poor predictor of copper stress.

Community Structure and Function
The second objective of this study was to gather more information on the
community structure of benthic assemblages in the poorly studied low-salinity habitats of
Chesapeake Bay. This information not only contributes to the body of knowledge
regarding these assemblages but may also help to explain in more detail why the
development of this multi-metric index fell short of the expectations in this case.

The Oligohaline Regions of Chesapeake Bay
Physical characteristics:
In estuaries the oligohaline zone is an area of extremes. It is here that the
interface between freshwater and saltwater occurs. This interface is active, moving up
and down the rivers with seasonal changes in stream flow. During periods of low run
off, the oligohaline zones intrudes further up into the river. During high stream-flow,
quantities of freshwater force saltwater further down the estuaries. The turbidity
maximum is typically located within this region as well, resulting in the deposition of the
bulk of alluvial sediments, homogenizing benthic habitat structure, and depositing with
the finer sediments, copious amounts of organic material and contaminants (Nichols
1972). Contaminants introduced upstream adsorb to the surfaces of suspended sediments
and are transported downstream. These particles flocculate upon encountering salt water
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and settle to the bottom. The residence times for contaminants in rivers/estuaries is
longer in the low-salinity zone due to the tidal fluctuations hindering flushing
(Schuchardt et al. 1993). These factors make it the most physically stressful zone in
estuaries.

Biological characteristics:
The fauna of oligohaline regions reflects these salinity and sediment extremes.
Oligohaline communities are composed of a mixture of organisms endemic to estuaries
but marine in origin and freshwater species with some salinity tolerance (Diaz 1989). As
oligohaline regions are very dynamic zones in terms of salinity intrusion and stream flow,
the fauna also shift up and downstream, albeit more gradually. Due to the extended
salinity tolerance demanded by this habitat, oligohaline species may exist over extended
periods of time in salinities that are not ideal. Some organisms, such as Rangia cunneata
may penetrate into areas characterized by freshwater flows, but are incapable of
reproduction below a salinity of 0.5 psu (Cain and Petticord 1970).
From the results of the cluster analyses, the top 5 numerically dominant taxa in
the oligohaline regions of Chesapeake Bay are, in descending order, Tubificoides
heterochaetus, Marenzelleria viridis, Leptocheirus plumulosus, Cyathura polita and
immature oligochaetes without chaetae (likely Limnodrilus spp.). All but the immature
oligochaetes are estuarine endemics (Diaz 1984). The existence of an extensive
transition zone may also blur the line between typical tidal freshwater and oligohaline
communities.
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The Tidal Freshwater Regions of Chesapeake Bay
Physical characteristics:
Although not as extreme as oligohaline regions, the tidal freshwater zone is also
characterized by low species diversity and the predominance of hardy organisms.
Though the bulk of the sediment deposition occurs in the oligohaline zone, a significant
amount of silts and mud are deposited to the tidal freshwater benthos leading to a paucity
of diverse sedimentary habitats. This sampling program came across a few sandy tidal
freshwater stations with low organic carbon levels, however, the majority of sites were
moderately silty with higher than reference TOC. This is very much unlike the non-tidal
freshwater regions which display a myriad of benthic habitats such as, sand, gravel and
boulders in fast-flowing waters.

Biological characteristics:
The above attributes of the tidal freshwater region make its benthic community
more similar to benthic assemblages found in large lake systems, polluted harbors and
other regions with high silt and organic deposition, than to the two surrounding habitats,
non-tidal freshwater and oligohaline. The top seven numerically dominant taxa in the
tidal freshwater zones were Tubificoides heterochaetus, Ilyodrilus tempeltoni, Cyathura
polita, Corbicula flumenia, Quistadrilus multisetosus, Limnodrilus hoffmeisteri and
Coelotanypus spp.. Tubificoides heterochaetus and C. polita were also dominant in the
oligohaline regions. The range of C. polita is reported to be essentially estuarine, but
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often shows range expansion into the low salinities and freshwater (Crumb 1977).
Corbicula flumenia, an introduced species has expanded its range into all tidal freshwater
on the edge of the oligohaline regions of Chesapeake Bay since its introduction in the
1970’s (Diaz 1989).
The two dominant families in the tidal freshwater regions are the Tubiflcidae and
the Chironomidae. These two families are also well represented in lacustrine and
limnetic water-bodies and have long been used as indicators of pollution (Brinkhurst
1969, Hart and Fuller 1974, Cairns and Pratt 1993). Both show marked changes in
abundance and diversity in highly eutrophied systems and the tolerances of many
Chironomidae to heavy metals and pH concentrations have been well studied (Hart and
Fuller 1974, B a rb o u r^ al. 1996).
In summary it appears that there exist no taxa that are specifically adapted for life
in the tidal freshwater regions of estuaries (Yozzo and Diaz in press). Instead the
invertebrate assemblages that inhabit the tidal freshwater benthos are comprised primarily
of oligochaetes and chironomids, species which are widely tolerant of dynamic
environmental conditions and remarkably tolerant of environmental pollutants and
disturbance. (Hart and Fuller 1974, Diaz 1989, Yozzo and Diaz in press).

Community Index Potential
The dominance of the benthic communities in both of these salinity zones by
highly tolerant organisms is a major hindrance to the development and use of a multi
metric index to assess biological integrity. These sorts of organisms, often used as
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pollution indicator organisms to measure the condition of aquatic systems, are much less
likely to demonstrate obvious changes to moderate amounts of disturbance in their
natural habitats.
Benthic invertebrate indexes are, in general, going to be less desirable than fish
indexes because of the amount of work required in the identification process. It was
hoped that working metrics would be developed that functioned at a lower resolution than
the taxonomic IDs required by the community assemblage descriptions. This BIBI will
not be a practical index if it cannot be made general enough to be utilized by managers
and other researchers who are not specialists in the ecology of these unique regions.
It is important to note that Karr’s IBI was developed and adapted for use in
systems with well-studied faunal communities (primarily fish), and for use in areas with
distinct gradients of disturbance (Karr et al. 1986, J. Karr personal communication). The
ideal initial development of a BIBI in estuaries would require intensive sampling in
regions subject to well-defined anthropogenic stress in order to demonstrate any close
correlation between changes in benthic community characteristics and anthropogenic
stress (Deegan 1997). The dearth of information regarding response of benthic
communities in low-salinity regions to anthropogenic stress may make these regions poor
candidates for metric development at this time. Tidal influence as well as the large input
of freshwater drained from a vast watershed also may also confound the determination of
physical and/or chemical disturbance gradients in these regions where non-point source
pollution predominates the anthropogenic stresses.
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Ecosystems exist in four dimensions (i.e. in space and time), and sampling for the
development of this index may have needed to reflect this. In addition to taking replicate
samples at each station, it is important to sample more than once per season and over
multiple seasons to obtain an accurate picture of the variation in the benthic community.
Estuaries are systems characterized by variation (Diaz and Schaffner 1990). Without an
understanding of the scales of spatial and temporal variation it will be difficult to both
understand and predicting benthic community structure.
Finally, from the (not entirely) unexpected results of the normal analyses, the
results of the station analysis suggest that subdividing the low-salinity into habitat regions
as delineated by the Venice system may be an artificial division. This division makes it
exceedingly difficult to discuss tidal freshwater and oligohaline communities as separate
entities, with all those transition zones, and overlap, i.e. not well delineated just by
salinity. Sediment and TOC seemed to play major roles in clustering the biota as well,
two factors which are not accounted for in the development of separate BIBIs.

Policy and Management Implications
Although the process of index development followed by this study failed to create
a feasible BIBI for tidal freshwater and oligohaline zones of Chesapeake Bay, this does
not diminish either the utility of biological monitoring or the need to assess the biological
integrity of aquatic systems. There exists a need to balance concerns that without
biological monitoring the biological integrity of our Nation’s waterways will continue to
decline and the fact the development of reliable biotic indexes requires a thorough
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understanding of the aquatic environments in which they are to be used. In addition,
there may be circumstances where IBIs might not be feasible or practical to develop.
These situations must be recognized as such and clearly separated from those where
further ecological research would facilitate the development of biological monitoring
techniques.
Many environmental regulations are designed to protect biological resources and with
increasing environmental awareness, assessment of these resources is of growing concern
to both managers and the general public. However, past reliance on strictly chemical and
physical led to problems measuring the impacts of pollution and other anthropogenic
alterations of aquatic environments. For example, emphasis on experimenting and
recording the concentration and behavior of contaminants provides important information
to scientists, but contributes little quantitative data for application to assessment of the
integrity of “real-life” ecological communities (Clark 1989). The aim of biological
monitoring is to assess the effects of temporally variable environmental stresses as well
as the effects of multiple types of stresses on community composition and structure
(Boesch 1977, Ranasinghe et al. 1994). This is usually not difficult in the case of
catastrophic events where the differences in the before and after environment are readily
apparent. It can, however, prove far more difficult to both detect and quantify the effects
of moderate levels of anthropogenic activities. Nonetheless, the ecological condition of
aquatic systems may provide more direct and meaningful measure of the effectiveness of
environmental regulations intended to protect these ecological resources than chemical
analyses alone.
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CONCLUSION

Both the economic and ecological values of Chesapeake Bay are threatened by
anthropogenic activities. However, due to the lack of relevant, comprehensive biological
monitoring of low-salinity and tidal freshwater habitats in the Chesapeake, it is difficult
to ascertain the overall condition of Chesapeake Bay or to determine and subsequently
address high priority areas for preservation and restoration attempts.
The intent of this project was to address this need for a long-term biological
monitoring project in the tidal freshwater and oligohaline regions of Chesapeake Bay.
The proposed Benthic Index of Biotic Integrity was based on a framework of established
principles of benthic ecology formulated by Pearson and Rosenberg (1978) regarding
responses of high-salinity benthic communities to organic enrichment. However use of
this framework failed to establish metrics that detect the responses of tidal freshwater and
oligohaline macrobenthic communities to anthropogenic stresses in this instance.
The dominance of highly tolerant, opportunistic organisms in both tidal
freshwater and oligohaline zones is a major hindrance to the application of existing IBIs
and development of a multi-metric index to assess biological integrity in these zones.
The community structure and composition of the stations sampled suggest that the
principle factors controlling assemblages in the higher-salinity regions of this and other
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estuaries (salinity, sediment type, depth) contribute in different, more subtle ways to the
regulation of macrobenthos in tidal freshwater and oligohaline regions.
In short, neither tidal freshwater nor oligohaline macrobenthic assemblages
appear to play by the rules established for more saline estuarine zones. For this reason it
may not be feasible to develop a multi-metric index for assessing their biological
integrity. Even if it were possible to develop such an index, it seems likely from this
study that the complexity of metrics required to determine benthic responses to
anthropogenic activities would not be practical. This would limit the use of this metric
by a wide spectrum of researchers and decrease its relevance to environmental resource
managers and policy makers, two attributes which violate the fundamental goals of such a
multi-metric assessment of biological integrity.
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APPENDIX
Station Inform ation
STA

RIVER

LATITUDE

LONGITUDE

SALINITY

ERL

ERM

TOC

DO

CLASSIF.

Silt/Clay

DEPTH

OLIG1

Pagan

36.5945

76.3891

1.50

1

0

2.3

5.3

I

9.77

1

OLIG2

James

37.1013

76.3640

0.50

1

0

8.0

R

5.97

1

OLIG3

James

37.1150

76.3755

0.20

1

0

0.3
0.1

9.0

OLIG4

James

37.1233

76.4753

0.00

1

0

OLIG5

James

37.1236

76.4736

0.00

1

OLIG6

Pamunkey

37.3220

76.4830

5.00

OLIG7

Mattaponni

37.3230

76.4840

OLIG8

Rappahannock

37.5518

76.4943

OLIG9

Rappahannock

37.5520

76.5140

2

6.4

R
R

2.40
10.56

2

0

0.7
0.1

5.6

R

3.07

1

2

0

2.6

4.9

I

65.52

5.00

9

0

2.4

I

67.15

3.00

4

0

2.5

5.5
6.0

3
3

I

98.83

7

1.90

4

2

2.8

7.5

D

96.35

3

7.9
9.4

I

99.33

1

R

3.88

1
3

OLIGIO

Rappahannock

37.5754

76.5202

0.25

5

0

4.9

OLIG11

Gunpowder

39.3690

76.3395

1.30

1

0

1.8

OLIG12

Bohemia

39.4796

75.9053

1.50

7

1

3.5

OLIG13

Back

39.2750

76.4500

1.40

4

6

0.7

9.1
9.4

OLIG14

U pper Chesap.

39.2766

76.2933

3.40

6

1

3.9

8.1

D

92.94

D

85.18

1

D

78.32

3

OLIG15

Bohem ia

39.4730

75.8768

1.00

1

0

5.1

6.4

I

4.41

2

OLIG16

Sassafras

39.3797

76.0620

1.10

6

1

3.5

7.6

D

87.18

4

OLIG17

Upper Chesap.

39.3741

76.0501

1.60

5

1

0.2

5.4

D

79.08

4

OLIG18

Bush

39.4280

76.2397

0.30

6

1

3.2

8.7

D

83.96

2

OLIG19

Stillpond

39.2967

76.1774

2.50

3

1

3.4

6.7

D

48.17

4

OLIG20

3

Bohem ia

39.4789

75.8967

1.50

7

0

3.8

9.4

I

90.42

TFG1

Pagan

37.0038

76.3979

0.25

1

0

6.3

12.7

I

40.59

1

TFG2

James

37.1545

76.5261

0.00

1

0

0.4

6.4

R

1.81

3

TFG3

James

37.1823

77.1501

0.00

1

0

4.1

6.9

I

8.19

1

TFG4

James

37.1875

77.1315

0.00

1

0

2.1

6.3

I

19.15

1

TFG5

James

37.1905

77.1131

0.00

1

1

0.9

6.9

D

27.03

1

TFG6

James

37.2000

77.1622

0.00

1

1

0.1

7.1

D

1.85

3

TFG7

James

37.2416

77.2335

0.00

0

0.8

8.5

R

19.17

8

TFG8

James

37.2438

77.1829

0.00

5

0

2.4

7.6

I

76.07

5

TFG10

Pamunkey

37.3220

76.5735

0.00

1

0

0.9

5.6

R

26.55

7

TFG11

Mattaponni

37.3620

76.4925

0.00

0

4.3

4.2

I

79.34

4

TFG12

Mattaponni

37.3800

76.5115

0.00

1

0

0.7

4.2

I

6.53

6

TFG13

Mattaponni

37.4322

77.0126

0.00

1

0

2.5

4.6

I

23.86

1

TFG14

Rappahannock

38.0638

77.0018

0.00

4

0

3.7

7.8

I

99.20

1

TFG15

Rappahannock

38.0981

77.0832

0.00

2

0

2.6

6.9

I

98.71

1

38.1000
38.1029

77.0816

0.00

1

0

2.2

5.9

I

54.08

5

77.1119

0.00

2

0

2.3

6.6

I

97.41

1

76.3546

0.10

2

0

0.5

10.8

R

52.97

1

76.7206

0.10

3

0

3.1

7.8

I

7.93

1

TFG16

Rappahannock

TFG17

Rappahannock

TFG18

Gunpowder

TFG19

Patuxent

39.3903
38.7941

TFG20

Potomac

38.6853

77.1036

0.10

4

3

2.0

8.5

D

94.36

4

TFG21

Potomac

77.0333
77.0291

0.4

9.1

I

76.36

4

0.10

7
1

0

Potomac

38.7367
38.7752

0.10

TFG22

0

3.6

9.0

I

4.96

2

TFG23

Anacostia

38.8586

77.0167

0.10

6

1

3.0

7.0

D

91.31

5

TFG24

Potomac

38.8589

77.0342

0.10

1

0

4.8

10.0

I

80.59

4

TFG25

Anacostia

38.8697

76.9975

0.10

12

1

2.7

6.8

D

19.56

6

TFG26

Potomac

38.8150

77.0312

0.10

2

0.1

77.47

2

Northeast

39.5503

75.9647

0.10

0

1.8

9.5
14.1

D.

TFG27

5
1

R

1.67

1

TFG28

Susquehanna

39.5780

76.0914

0.10

6

2

3.0

6.6

D

73.33

10
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